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ABSTRACT

COMPOUND, ELEMENTAL, AND ISOTOPIC PERSPECTIVES ON MERCURY
MOBILIZATION DURING THAW IN A DISCONTINUOUS PERMAFROST ZONE

By

Maria Florencia Fahnestock
University of New Hampshire

Arctic ecosystems are a major global sink for both carbon (C) and mercury (Hg), both of
which are influenced by anthropogenic activities. The accelerated climate-change-induced
warming documented in the Arctic has led to permafrost thaw resulting in landscape evolution
from hydrological, vegetation and microbial shifts. All of these resulting changes have the
potential to influence how Hg, a toxic contaminant, is mobilized and re-cycled in this ecosystem.
In this body of work, I investigate patterns of Hg speciation, elemental abundances, and stable
isotopes across the thaw gradient in a permafrost peatland and interconnected freshwater lakes in
Abisko, Sweden to assess changes in Hg storage and in Hg export pathways. In Chapter 2
(republished from Fahnestock et al., 2019), I report results suggest that during initial stages of
permafrost thaw, when the active layer in the palsa deepens, export of gas-phase mercury may be
an important pathway of Hg loss. As the thaw continues vegetation changes to a Sphagnumdominated semi-thawed ecosystem, where Hg export into the atmosphere limits accumulation of
Hg in peat and the peat bound HgT pool is depleted. In the final stage of thaw, characterized by
fully thawed fens, more labile organic matter and a diverse microbial community result in greater
xiv

Hg retention in fen peat and higher levels of porewater MeHg that may be exported to nearby
lakes and streams. Hg stable isotopes employed in Chapter 3 provide evidence supporting the
importance of vegetation as an important sink of Hg in Arctic peatlands, show that
photoreduction processes are important across the landscape and that ombrotrophic bogs may
retain more Hg from wet deposition. Taken together, these findings suggest that Hg cycling in
thawing peatlands will be influenced by future climatological patterns that drive the hydrological
conditions, particularly the hydrologic connectivity, of this ecosystem.
Chapters 4 and 5 consider the role of Arctic lakes in an ecosystem undergoing permafrost
thaw. In Chapter 4, findings show that lake sediments can store varying amounts of Hg and how
abundance of total Hg in sediments are not necessarily linked with aqueous Hg concentrations in
overlying waters or with total organic content of sediments. The high density of lakes in the
Arctic region and likelihood of thermokarst pond formation and wetland expansion with
continuing permafrost thaw may result in Hg accumulation in lake sediments. Stable Hg isotopes
are document how lakes composed of different sediment composition, size and depth process Hg
differently. Large variations in Hg pools, sources and methyl Hg concentrations across the three
post-glacial lakes within one watershed highlight the need for increased study of both spatial and
temporal Hg cycling in Arctic lakes.

xv

CHAPTER I

INTRODUCTION

Human activity has contributed to changes in carbon (C) and mercury (Hg) cycling
across the Earth system. The complex coupling of these two cycles provides motivation for
enhanced understanding of how disturbance of C cycling in an ecosystem impacts Hg storage,
bioavailability, and export. The mobilization of Hg in various ecosystems is of great interest due
to the adverse health effects resulting from long-term exposure to Hg, including renal toxicity,
myocardial infarction, immune malfunction, irregular blood pressure, and irreversible damage to
central nervous system of a fetus (USEPA, 1997; Committee on the Toxicological Effects of
Methylmercury, 2000). This body of work is focused on terrestrial and aquatic ecosystems
undergoing significant changes in C dynamics due to climate change induced permafrost thaw,
with each chapter investigating the degree to which Hg in various forms is influenced by the
observed C changes.

1.1 Biogeochemical cycling of Hg in the Earth system

The cycling of Hg between and within the atmosphere, terrestrial or aquatic ecosystems,
is fundamentally a function of its oxidation state. In the atmosphere, the three main forms of Hg
include: reactive gaseous Hg2+ (RGM) and particulate Hg (Hgp) which have short residence
times (0.5-3 days) and elemental Hg, Hg0, also known as total gaseous Hg (TGM) which is
relatively inert with a residence time of 0.5-1 year and can be transported long distances.
Accordingly, Hg0 from distal sources can have wide-reaching global impacts on the health of
terrestrial and aquatic ecosystems. Wet and dry Hg deposition patterns can determine the degree
1

of contamination and threat to human populations (O’Driscoll et al., 2005; Lombard et al., 2011).
Removal of Hg0 from the atmosphere can occur via a series of photo oxidation reactions to Hg2+
that create RGM. Photoreduction can also work in the opposite direction, thereby releasing Hg0
from terrestrial and aquatic ecosystems to the atmosphere (O’Driscoll et al., 2003a, b). Sources
of Hg to the environment can be natural as well as anthropogenic and readily cycle between the
atmosphere and hydrosphere and into aquatic and terrestrial ecosystems. Natural Hg emissions
come from volcanic and geothermal emissions as well as marine and terrestrial processes
(Nriagu, 1989; Gustin et al., 2000; Nriagu and Becker, 2003; Gustin et al., 2008). The major
anthropogenic emissions currently include artisanal gold mining, fossil fuel combustion, nonferrous metal and cement production (UNEP Global Mercury Assessment, 2013). Anthropogenic
primary sources account for roughly one-third of global emissions (Driscoll et al., 2013; Obrist et
al., 2018) and are thought to have increased Hg deposition at least three-fold over pre-industrial
levels, including the studied sub-Arctic region (Fitzgerald et al., 2005; Lindberg et al., 2007).
Upon entering terrestrial and aquatic ecosystems, Hg can undergo several transformations
where the majority of Hg deposited will ultimately be incorporated into long-term reservoirs
such as soils and sediments. In sediments, Hg2+ will complex with chloride and bind onto
exchange sites of clay mineral surfaces and dissolved organic carbon (DOC) particles (Allard
and Arenie, 1991; Ulrich et al., 2001) and can become sequestered in association with sulfides
(Ulrich et al., 2001). In sediment pore waters as well as in the water column a small fraction of
the total Hg can undergo a series of metabolic reactions that ultimately lead to the formation and
bioaccumulation and biomagnification of MeHg up the food chain. Sulfate reducing bacteria
(SRB), methanogens and iron reducing bacteria (IRB) all have the potential to play a significant
role in transforming Hg2+ into MeHg. SRB and IRB were believed to be the primary producers of

2

MeHg but after the discovery of the two methylating genes (hgcA and hgcB) by Parks et al.
(2013), many more microbes including methanogens have been found to carry these genes
(Gilmour et al., 2013; Yu et al., 2013; Podar et al., 2015). The rate of MeHg production is
generally determined by in situ parameters (e.g., temperature, redox conditions, pH, DOC,
sulfate, iron and Hg2+ (Obrist et al., 2018). Some of these parameters can affect the amount of
Hg2+ available for methylation. Sulfate can increase microbial activity of SRB and lead to an
increase in MeHg production (Branfireun et al., 1999; Watras et al., 2006). The accumulation of
sulfide resulting from sulfate reduction can lead to formation of sulfides and serves to shift the
speciation or remove Hg from the bioavailable pool (Benoit et al., 2003). The amount of MeHg
measured should be considered the net MeHg resulting from MeHg produced minus any biotic or
abiotic demethylation. The demethylation of Hg can be either an abiotic or biotic process.
Though most of the demethylation of Hg may come from photochemical reduction of MeHg to
Hg0 (Blum et al., 2013) microbes such as sulfidogenic and methanogens have been shown to
methylate and demethylate Hg (Pak and Bartha 1998; Parks et al, 2013).
There is a long-established relationship between organic matter and trace metals,
including Hg (e.g., Xia et al., 1999). Dittman et al. (2009) demonstrated linkages between DOC
and Hg and argued that DOC alone can be used to predict Hg concentrations in streams. When
present at concentrations less than ~ 8 mg C L-1 DOC was associated with the transport of MeHg
but at greater than 8 mg C L-1, DOC can decrease the bioavailability of Hg for methylation
(Driscoll et al., 1994).

Differences in the composition of the DOC may also impact

bioavailability of Hg (Schartup et al., 2015). Soil organic matter (SOM) not undergoing
decomposition but subject to long-term storage has the potential to sequester Hg for thousands of
years (Bindler, 2003). The formation of stable soil organic matter will lead to greater Hg storage

3

through binding of Hg and SOM. Accordingly, it is very important to understand the conditions
that lead to the destabilization of SOM in soils in order to understand how to limit Hg release
into rivers and streams. The characteristics that lead to SOM destabilization and Hg mobility can
be strongly influenced by C, nitrogen (N) and sulfur (S) dynamics.
Though abundant in permafrost, Hg is essentially sequestered from further processing in
the environment while frozen in peat. However, permafrost thaw and subsequent increases in soil
moisture, microbial activity and changing hydrology and vegetation, result in the release of Hg
into terrestrial and aquatic ecosystems (e.g., Rydberg et al., 2010; Douglas et al., 2012). Studies
of northern peatlands and lakes have shown that Hg export accompanies climate changeassociated carbon disturbances (Klaminder et al., 2008; Rydberg et al., 2010; French et al., 2014;
St. Pierre et al., 2018). Sequestration of Hg in terrestrial ecosystems is positively correlated with
soil organic matter content (Grigal, 2003; Smith-Downey et al., 2010), with northern peatlands
constituting a large natural reservoir of C (Tarnocai et al., 2009). Therefore, changes in the C
balance from thawing permafrost, together with changing redox conditions result in increases of
labile organic carbon that can drive Hg mobilization.

1.2 Study Site Description

1.2.1 Stordalen Mire Description

Stordalen Mire, at 68°20′N, 19°03′E is located 12 km east of Abisko in northern Sweden
and within the discontinuous permafrost zone. The mire is 351 m above sea level and 11 m
above glacial lake Torneträsk. The Abisko region recorded an increase of 1.5℃ in mean annual
4

temperature between 1974-2006 (Callaghan et al., 2010). The mire is underlain by sporadic
permafrost marked by ombrotrophic palsas that rise above semi-wet and wet minerotrophic fens,
streams, and shallow lakes (Malmer et al., 2005; Kokfelt et al., 2009). The Abisko Scientific
Research Station (ANS) in Northern, Sweden has been in operation since 1913 and is located on
the southern border of the discontinuous permafrost zone. Studies at ANS have compiled a
unique long-term record of Arctic climate change (Holmgren and Tjus, 1996; Kohler et al.,
2006; Johansson et al., 2006), permafrost thaw (Åkerman and Johansson, 2008; Kokfelt et al.,
2009; Callaghan et al., 2010), with a continuous record of permafrost depth since 1978.

Figure 1.1 Unpiloted Aerial Image of Stordalen Mire (Palace et al., 2018 and 2019). The box
frames outline the areas containing autochambers and sampling sites for Chapters 2 and 3.
5

Stordalen Mire in Abisko, Sweden (68° 22’N, 19° 03’E) contains distinct sub-habitats,
three of which were sampled for this study and are representative of the permafrost thaw gradient
common to northern peatlands and together covering ~98% of the Mire surface: (i) permafrostdominated, well-drained palsas occupied by feather mosses and ericaceous and woody plants,
covering 49% of the mire (ii) intermediate permafrost sites with variable water table depth,
dominated by Sphagnum spp., covering 37% of the mire, and (iii) full summer-thaw, fully
submerged sites with Eriophorum angustifolium, covering 12% of the mire (Figure 1.1).
Between 1970 and 2000, permafrost thaw and palsa collapse led to the expansion of Sphagnum
(bog) and Eriophorum (fen) by 3% and 54%, respectively (Johansson et al., 2006). These three
habitats represent a thaw sequence and are the same site designations used in previous microbial
studies (Hodgkins et al., 2014; McCalley et al., 2014).

1.2.2. Stordalen Mire Lakes Description

Three lakes were chosen for their proximity to a thawing permafrost peatland and
sampled in order to study intra- and inter- lake variability in lake sediment and surface water Hg
(Figure 1.2). Detailed descriptions of the lakes can be found in Wik et al. (2013). Briefly,
Villasjön (VS): a shallow, well mixed lake with a depth less than 1.5 m water is composed
primarily of redeposited peat (Kokfelt et al., 2010). It is characterized by a previously established
methane (CH4) ebullition gradient and highest methane emission of the three lakes (Wik et al.,
2011). VS has low macrophyte diversity and biomass relative to the other two lakes (Wik et al.
2013; Horruitiner et al., 2015). Mellersta Harrsjön (MH) (formerly Mellan Harrsjön) is streamfed lake with a maximum water depth < 7 m. Water enters MH from the catchment’s mainstream
6

that receives flow from thawing peatland and Yttre Harrsjön. Inre Harrsjön (IH) is connected to
MH with a maximum water depth of <5 m. It has no surface water inlet but receives water from
the mire during high flow (D. Olefeldt, personal communication, 2010). The lakes are mostly
surrounded by wet fens dominated by Eriophorum Angustifolium, Carex rostrata and Sphagnum
spp. and semi wet subalpine birch forests (Malmer et al., 2005). The bedrock beneath IH and MH
is dominated by schist and Villasjön by granite (Lindström et al., 1985). Radiocarbon
compositions of lake sediments constrain the onset of sedimentation and indicate VS
sedimentation began ca. 3,400 cal years BP and IH ca. 2,650 cal years BP (Kokfelt et al., 2010).

7

Figure 1.2. Stordalen Mire (bottom left) and enlarged views of the study lakes: Inre Harrsjön,
Mellersta Harrsjön (green frame), and Villasjön (red frame). The orange circles indicate coring
locations for Chapters 4 and 5. Water depths are indicated by blue depth contours and
numerical values are in meters. Note that Villasjön overall is shallow (≤ 1 m). The satellite image
is a WorldView 2 image (Varner et al., 2021). Map modified from Wik et al., (2018).

8

The stream that drains into MH flows through the mire and is influenced by outflow from
the mire through a fen and transports approximately 9.7 g m-2yr-1 of DOC (Olefeldt et al., 2012).
The lakes differ substantially in their sediment characteristics which may affect their long-term
Hg storage ability as well as the release of MeHg from sediments. A detailed analysis of
sediment total organic carbon (TOC), total nitrogen (TN) and total sulfur (TS), bulk density and
methane across the three lakes is described in Wik et al. (2018). All three lakes contain high
concentrations of TOC but vary in the source of TOC. VS contains TOC of largely terrestrial
origin (adjacent mire), whereas IH and MH contain TOC mainly derived from aquatic vegetation
(Wik et al., 2018). IH and MH also have a sulfate source not associated with organic matter. Wik
et al. (2018) suggests this additional source of sulfate, possibly from stream inputs, results in
sulfate reduction, leading ultimately to sulfide precipitation.
The works that follow enhance our understanding of how Hg responds to climate change
induced permafrost thaw in Stordalen Mire. Stordalen Mire is an intensively studied site in
northern Sweden that is used as a natural laboratory to understand the response of Arctic
ecosystems to climate change. Chapter II provides an assessment of how accelerated
decomposition of organic matter accelerated by permafrost thaw can transform and redistribute
previously sequestered Hg across the thaw gradient represented by three primary mire vegetation
habitats: palsa, bog and fen (Fahnestock et al., 2019). I report results for the below-ground Hg
pools, porewater MeHg abundance and total gaseous Hg (TGM) fluxes and assess the changing
microbial community structure across the permafrost thaw gradient. Chapter III employs the use
of stable Hg isotopes across the mire sites to gain insights into the major Hg cycling pathways in
this Arctic ecosystem. Chapter IV builds on the objectives and findings of Chapters II and III to
consider the transport of Hg from the fen to nearby lakes. I hypothesize that Hg will be exported
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from the mire with DOC to nearby lakes via small streams where sediments accumulate most of
the Hg but where conditions also favor further methylation of Hg. Finally, in Chapter V, I utilize
stable isotopes of Hg to explore the mechanisms and pathways that are important in the
biogeochemical cycling of Hg in lake sediments.
All dissertation chapters have been formatted for submission to peer-reviewed journals.
Chapter two of this dissertation has been published in Geochemical Perspective Letters. The
citation for the chapter in this dissertation is as follows:
Fahnestock, M.F., Bryce, J.G., McCalley, C.K., Montesdeoca, M., Bai, S., Li, Y.,
Driscoll, C.T., Crill, P.M., Rich, V.I., Varner, R.K. (2019) Mercury reallocation in thawing
subarctic peatlands. Geochem. Persp. Let. 11, 33–38.
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CHAPTER II

MERCURY REALLOCATION IN THAWING SUBARCTIC PEATLANDS 1
0F0F

2.1 Abstract

Warming Arctic temperatures have led to permafrost thaw that threatens to release
previously sequestered mercury (Hg) back into the environment. Mobilization of Hg in
permafrost waters is of concern, as Hg methylation produced under water-saturated conditions
results in the neurotoxin, methyl Hg (MeHg). Thawing permafrost may enhance Hg export, but
the magnitude and mechanisms of this mobilization within Arctic ecosystems remain poorly
understood. Such uncertainty limits prognostic modeling of Hg mobilization and impedes a
comprehensive assessment of its threat to Arctic ecosystems and peoples. Here, we address this
knowledge gap through an assessment of Hg dynamics across a well-studied permafrost thaw
sequence at the peak of the growing season in biologically active peat overlying permafrost,
quantifying total gaseous mercury (TGM) fluxes, total mercury (HgT in the active layer peat,
porewater MeHg concentrations, and identifying microbes with the potential to methylate Hg.
During the initial thaw, TGM is liberated, likely by photoreduction from permafrost where it was
previously stored for decades to centuries. As thawing proceeds, TGM is largely driven by
hydrologic changes as evidenced by Hg accumulation in water-logged, organic-rich peat
sediments in fen sites. MeHg in porewaters increase across the thaw gradient, a pattern
1

This chapter has been published in Geochemical Perspectives Letters and the citation is as follows:
Fahnestock, M.F., Bryce, J.G., McCalley, C.K., Montesdeoca, M., Bai, S., Li, Y., Driscoll, C.T., Crill, P.M., Rich,
V.I., Varner, R.K. (2019) Mercury reallocation in thawing subarctic peatlands. Geochem. Persp. Let. 11, 33–38.
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coincident with increases in the relative abundance of microbes possibly containing genes
allowing for methylation of ionic Hg. Findings suggest that under changing climate, frozen, welldrained habitats will thaw and collapse into saturated landscapes, increasing the production of
MeHg and providing a significant source of the toxic, bioaccumulative contaminant.

2.2 Introduction

Anthropogenic Hg emissions have increased Hg deposition to the Arctic three-fold since
before the Industrial Revolution (Fitzgerald et al., 2005; Streets et al., 2019). Terrestrial
ecosystems are generally net sinks for atmospheric Hg deposition (Selin, 2009), and Hg
sequestration in soil is positively correlated with organic matter content (Grigal, 2003; SmithDowney et al., 2010). Permafrost constitutes the largest long-term reservoir of Hg, containing
twice that of all other reservoirs combined (Schuster et al., 2018 and references therein).
Changes in the organic carbon (OC) balance from thawing permafrost, coupled with changing
redox conditions associated with increases in soil moisture result in the release of labile OC
(Hodgkins et al., 2014) that likely drives Hg export (Mu et al., 2019). Reducing conditions
favored in fen environments also influence the bioavailability of Hg via binding to thiol
functional groups (Skyllberg et al., 2003). Studies of northern peatlands find that Hg export
accompanies permafrost thaw associated with climate change (e.g., Rydberg et al., 2010; St.
Pierre et al. 2018; Mu et al., 2019). Increasing Arctic temperatures also contribute to significant
changes in microbial communities and activity which can influence the production of methyl Hg
(MeHg), a powerful neurotoxin (Barkay et al., 2011 and references therein; Yang et al., 2016). In
this study we present a holistic view of Hg cycling across a permafrost thaw gradient that
12

addresses the interactions of atmospheric, hydrologic and geochemical processes with ecosystem
response to changing the distribution and methylating potential of Hg under permafrost thaw
(detailed methods descriptions can be found in Appendix A).
Stordalen Mire in Abisko, Sweden (68° 22’ N, 19° 03’ E) contains distinct sub-habitats
sampled for this study. These representative sub-habitats along a permafrost thaw gradient
common to northern peatlands include: i) permafrost-dominated, well-drained palsas occupied
by ericaceous and woody plants; (ii) intermediate permafrost sites with variable water table
depth, dominated by Sphagnum spp.; and (iii) full summer-thaw, fully submerged sites with
Eriophorum angustifolium (Figure 1.1). Between 1970 and 2000, permafrost thaw and palsa
collapse led to the expansion of Sphagnum (bog) and Eriophorum (fen) by 3% and 54%,
respectively (Johansson et al., 2006a). Linking thawing permafrost with hydrologic change
(Johansson et al., 2006b), vegetation shifts over a 30-year period (Malmer et al., 2005; Johansson
et al., 2006a) and carbon dynamics in a mire (e.g., Öquist and Svensson, 2002; Bäckstrand et al.,
2010) provide essential context to develop a predictive framework for Hg cycling in the future
thawed permafrost.

2.3 Mechanisms driving Hg cycling in Arctic ecosystems

2.3.1 Evasion

Full quantification of Hg mobilization requires an assessment of the dynamics of Hg
exchange at the atmosphere-land interface. During three days of dynamic chamber flux
measurements (in the peak of the growing season) all three sites exhibited a diel pattern in TGM
fluxes, as shown in previous studies (Carpi and Lindberg, 1997; Poissant et al., 2004; chamber
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flux measurement approach described in Appendix A; see Figure A.1 and Table A.1). Evasion of
TGM occurred during warmer, peak daytime PAR while TGM deposition occurred during
cooler, low PAR (<400) periods (Figure 2.1). The palsa site yielded the highest TGM evasion
coupled with the least amount of Hg deposition during the low PAR hours. The bog exhibited the
most variability of the three sites. The strong correlation between TGM flux and PAR in the bog
site is consistent with earlier interpretations (Klaminder et al., 2008) of increased photoreduction
reactions in water-saturated soils, resulting from permafrost thaw, leading to lower peat Hg
concentrations (Gustin et al., 2006). The bog TGM flux, together with lower HgT concentrations
deeper in the peat, suggest significant Hg loss (Klaminder et al., 2008), with the semi-wet or
intermediate stage of the thaw resulting in less Hg retention in soils and vegetation (Figure 2.2).
The fen site experienced both the lowest TGM evasion and the highest TGM deposition (most
negative fluxes). Some studies have found that biotic demethylation of Hg can be a significant
source of evasion (Pannu et al., 2014 and references therein). Both the fen and the palsa sites
showed stronger relationships between air temperature and TGM flux and this may influence
both biotic and abiotic reactions (Figure 2.1).
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Figure 2.1 (a) Relationships between TGM flux and ambient air temperature (°C) and (b)
photosynthetically active radiation (PAR). Symbols denote palsa (brown squares), bog (green
triangles) and fen (blue diamonds) and include least squares linear regressions and associated r2
and p values. Evasion of TGM interpreted for values greater than zero and deposition for values
less than zero.

2.3.2 Soil carbon lability and sulfur redox

The three habitat types representing a permafrost thaw gradient were also characterized
by markedly different peat HgT concentrations (data in Table A.2). The palsa site had the highest
overall HgT with concentrations ranging from 257 µg kg-1 near the peat surface and decreasing to
15 µg kg-1 with depth to the active layer boundary (44 cm from surface) (Figure A.3). The bog
site had the lowest overall HgT (concentrations from 10-75 μg kg-1). The fully thawed fen habitat
had intermediate HgT concentrations (10-165 μg kg-1), with values decreasing gradually with
depth as in the palsa. Relative HgT pools estimated by combining bulk density at each site
(profiled at ~5 cm increments) with the HgT measurements (details in Appendix A) followed the
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same pattern, with; palsa (2.7 mg m-2), bog (1.4 mg m-2) and fen (4.7 mg m-2) (Figure 2.2). These
findings suggest that the Hg liberated from thawing palsa has two potential pathways of
reallocation; palsa may thaw directly to a bog and from there undergo Hg export, or alternatively
palsa may transition directly to a fen where Hg accumulation is enhanced.
Total peat sulfur (S) concentrations (Figure A.3) provide additional evidence pointing to
HgT accumulation. The surface of the fen sites (~0-1 cm depths) contains almost double the
amount of S relative to both the palsa and the bog sites. At the fen, total Hg shows strong
relationships with C, N and S (r2 = 0.73, 0.77, 0.82), whereas in the bog and palsa the
correlations are weak or insignificant (Figure A.4). In reducing environments, S in peat forms
organo-sulfides, especially in the presence of hydrogen sulfide (Schartup et al., 2014) which
enhances storage of Hg.
The degree to which these dynamic landscapes might serve as sources of the biologically
available and toxic MeHg was evaluated through the analysis of porewater chemistry. In addition
to enhanced peat Hg accumulation in the fen, we also found elevated concentrations of MeHg in
fen porewater that were similar to those reported in other wetland studies (e.g., Tjerngren et al.,
2012). This pattern was in contrast to the notably lower porewater MeHg concentrations in the
bog site (Table A.3). The methylation of Hg in the mire may be a function of bioavailable Hg
and/or linked with the ability of the microbial community to methylate Hg. Differences in redox
conditions, organic matter structure and composition, and microbial communities between bog
and fen sites may explain the observed differences in MeHg. The presence of higher total S in
the fen site may also enhance the bioavailability of ionic Hg leading to methylation (Skyllberg et
al., 2003). Additionally, the Hg bound to more labile OC may be more easily methylated by
microbes than Hg bound to more recalcitrant C. Hodgkins et al. (2014) compared the same bog
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and fen sites in this study, drawing clear distinctions between the compositions of the organic
matter. They highlight the ability of Sphagnum to control the rate of decomposition in the bog by
producing phenolic compounds. This pattern is in stark contrast to the fen, where decomposition
rates highly correspond to microbially derived organic matter (Hodgkins et al., 2016).

Figure 2.2 Summarized Hg in the three sub-habitats (from top to bottom): TGM, pore water
methyl Hg (MeHg), and total peat Hg (corrected for dry bulk density).
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2.3.3 Methylation potential of peatland sub-habitats

The microbial communities are markedly different across the palsa, bog and fen as
attested by 16S rRNA gene analyses (Mondav et al., 2014; 2017). We examined observed
lineages for potential Hg methylators (i.e., microbial genera either experimentally demonstrated
to methylate Hg or inferred to do so by the presence of the hgcA and hgcB genes required for Hg
methylation (Parks et al., 2013; Table A.4; detailed methods in Appendix A). These potential
Hg-methylating microbes increased across the thaw gradient from low relative abundance in the
palsa and bog (~0.5% and ~0.7% of the community, respectively) to markedly higher abundance
in the fen (~7.8%) (Figure 2.3 and Table A.4). The identified potential Hg-methylators include
sulfate- and iron-reducing lineages from the Deltaproteobacteria and Clostridia, as well as
methanogens of Methanomicrobia (Table A.4). Methanoregula, an important methanogen at the
site (Mondav et al., 2017) and one of the potential Hg-methylators present, was both relatively
more abundant and more diverse (more lineages recovered) in the fen. Overall, the presence of a
larger and more diverse community of potential Hg-methylators in the fen supports the role of
microbes in driving elevated MeHg in fen porewaters and the presence of potential Hgmethylating methanogens highlights the interacting impacts of permafrost thaw on the
production of both methane and MeHg.
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Figure 2.3 Mean relative abundance of potential Hg methylators at Stordalen Mire (n = 38 for
palsa, 47 for bog, and 42 for fen), using microbial community data from 2010-2012 reanalyzed
from Mondav et al. (2017). *indicates genera with members experimentally confirmed to
methylate Hg.

2.4 A revised framework for Hg cycling in Arctic ecosystems

Contrary to earlier conceptual models of Hg export from Arctic ecosystems (e.g.,
Klaminder et al., 2008), we found that while Hg is liberated from peat during the intermediate
thaw stage it is subsequently accumulated in a later thaw stage represented in the fen site. Recent
studies from Alaska (Obrist et al., 2017; Douglas and Blum, 2019) found TGM uptake by
vegetation to be a significant pathway of Hg accumulation. Increasingly longer growing seasons
associated with changing climate (Callaghan et al., 2010 and references therein), coupled with
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the expansion of fen sites throughout the mire (Johansson et al., 2006a), suggest this mechanism
is likely relevant in Stordalen Mire. A second potential fate, depending on the pace of climate
change, may be catastrophic collapse of permafrost as observed in the western Canadian Arctic
(St. Pierre et al. 2018). This second pathway bypasses the peat or fen storage and flushes large
quantities of both total and methyl Hg from the ecosystem (St. Pierre et al. 2018).

2.5 Conclusions

Examination of HgT pools in thawing peat, combined with mechanisms of gaseous Hg
flux and MeHg production, lead to a revised conceptual model of pathways of Hg loss and
retention in thawing permafrost peatlands (Figure 2.4). Taken together, these results suggest a
more complex set of processes amongst permafrost thaw regions. During initial stages of
permafrost thaw, when the active layer in the palsa deepens, export of gas-phase TGM is a
primary pathway of Hg loss. As the thaw continues vegetation changes to a Sphagnumdominated semi-thawed ecosystem, where Hg export into the atmosphere limits accumulation of
Hg in peat and the peat bound HgT pool is depleted. The final stage of thaw, characterized by
fully thawed fens, results in a more biologically mobile Hg pool. This transition is facilitated via
favorable redox conditions, more labile organic matter and a diverse microbial community
capable of methylation, resulting in greater Hg retention in fen peat and also higher levels of
porewater MeHg that may be exported to nearby lakes and streams. Given the prediction of loss
of discontinuous zone permafrost by 2100 (Slater and Lawrence, 2013), it is imperative that long
term studies coupling Hg cycling, microbial community composition and mechanisms driving
gene expression of Hg methylation as well as varying environmental conditions are carried out to
20

improve predictions of the fate of Hg stored in permafrost within these dynamically changing
ecosystems.

Figure 2.4 Schematic of biogeochemical Hg cycling across permafrost thaw with emphasis on Hg
pools and major pathways. Red arrows denote gaseous (Hg0) flux for each stage of the thaw
sequence. Peat inventories are for total Hg for the top 40 cm of the mire surface (cf. legend for
corresponding range).
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CHAPTER III

MERCURY STABLE ISOTOPES ELUCIDATE PROCESSES CONTROLLING MERCURY
CYCLING ACROSS A PERMAFROST THAW GRADIENT IN STORDALEN MIRE,
SWEDEN ISOTOPIC CONSTRAINTS

3.1 Abstract

Warming global temperatures, particularly in the Arctic, are accelerating permafrost thaw
and altering the biogeochemical cycling of mercury (Hg). Limited constraints on the size of
Arctic terrestrial Hg pools, coupled with uncertainties in our knowledge of the responses of
ecosystem Hg dynamics to climate change, complicate long-term forecasts of Hg impacts on
ecosystem health and adaptability. Stable isotopes of Hg afford a means of deciphering the major
pathways and sources controlling elemental biogeochemical cycling and may provide insight
into key mechanisms controlling Hg cycling as permafrost thaws.
Stordalen Mire in Abisko, Sweden (68°21′N, 19°02′E) a thawing peatland, contains a
permafrost thaw sequence represented by three habitats across the mire including: (i) permafrostdominated, well-drained palsas occupied by Betula nana, Eriophorum vaginatum, Rubus
chamaemorus and Empetrum hermaphroditum, (ii) Sphagnum spp.- dominated semi-thawed bog
sites with variable water table depths, and (iii) fully thawed fen sites containing vegetation
dominated by Carex spp. and Eriophorum angustifolium. Dominant vegetation species and peat
cores from the three habitats were analyzed for stable Hg isotopes to further build upon prior
work on Hg cycling from this site (Fahnestock et al., 2019; Klaminder et al., 2008).
Mercury isotope results from peat cores showed both variations in mass-dependent
fractionation (MDF) given by δ202Hg and in mass-independent fractionation (MIF) given by
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Δ201Hg and Δ199Hg across all sites and varying with depth. The δ202Hg values ranged from 2.22‰ to -1.14‰ and Δ199Hg varied from -0.58‰ to 0.09‰. All thaw stages show a strong
influence of atmospheric gaseous Hg accumulation in vegetation via oxidative processes
evidenced by strongly depleted δ202Hg values in both vegetation and peat. The Δ199Hg/Δ201Hg
slopes across all sites suggest re-emission pathways to be important across all three habitats. The
palsa and the fen are most strongly influenced by photochemical reduction in the presence of
organic matter, whereas Δ199Hg and Δ201Hg are more enriched in the bog peat, indicating a
greater role of wet deposition interactions coupled with odd-MIF evidence in favor of dark
abiotic reduction emission pathway. Together, these findings increase our knowledge of spatial
variability of important Hg pathways in thawing permafrost peatlands and are suggestive of how
climate change will influence Hg cycling in the Arctic.

3.2 Introduction

Permafrost constitutes the largest long-term reservoir of Hg, containing twice as much
Hg as oceans, the atmosphere and all other soils combined (Schuster et al., 2018). Increasing
global temperatures has led to permafrost thaw that threatens to release previously sequestered
Hg back into the atmosphere and hydrosphere. The mobilization of Hg in various ecosystems is
of great interest due to the adverse health effects resulting from long-term exposure to methyl
Hg, including: renal toxicity, myocardial infarction, immune malfunction, irregular blood
pressure, and irreversible damage to central nervous system of a fetus (USEPA, 1997). Poor
constraints on the size of Arctic terrestrial Hg pools, coupled with uncertainties in the responses
of ecosystem Hg dynamics to climate change, complicate long-term forecasts of Hg impacts on
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ecosystem health and adaptability. However, stable Hg isotopes afford a means of deciphering
the major pathways and sources controlling elemental biogeochemical cycling of Hg across the
proposed permafrost thaw gradient. Relative to other isotope systems, applications involving Hg
isotopes are still emerging and there continue to be a limited number of studies employing their
usefulness in Arctic ecosystems. In this chapter, Hg stable isotopes help to develop a more
detailed model of the processes and sources influencing Hg cycling across the permafrost thaw
gradient and the implications this poses for the continually warming and evolving Arctic
landscape.

3.3 Background on stable isotopes of mercury

The seven stable isotopes of Hg include
204

196

Hg,

198

Hg,

199

Hg,

200

Hg,

201

Hg ,202Hg and

Hg. There is only a 4% mass difference between the lowest and highest mass stable isotope.

Abundances of Hg isotopes in the National Institute of Standards and Technology (NIST)
mercury solution standard reference material (SRM) 3133 are as follows:
(10.04%), 199Hg (16.94%),

200

196

Hg (0.16%),

198

Hg

Hg (23.14%), 201Hg (13.17%), 202Hg (29.73%), 204Hg (6.83%). As

a whole, stable isotopes have proven useful across many isotope systems to help distinguish
between various sources and/or processes that influence terrestrial and aquatic ecosystems. The
application and utility of Hg isotopes was accelerated by improvements in multi-collector
inductively coupled plasma mass spectrometry (MC-ICP-MS) (Smith et al., 2005; Foucher and
Hintelmann, 2006). Hg isotopes adopt the conventional stable isotope nomenclature of reporting
ratios to mass 198 and normalizing those ratios to NIST SRM 3133 (Bergquist and Blum, 2007).
Hg isotope signatures are reported in delta notation given in parts per thousand (per mil) units:
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δxxxHg (‰) = ([(xxxHg/198Hg)unknown /(xxxHg/198Hg)SRM3133] − 1) × 1000
(Eq. 3.1)

As with other isotope systems, higher delta values are more positive and therefore isotopically
heavier whereas lower delta values are more negative and therefore isotopically lighter.
Hg isotopes are unique in that they exhibit both mass dependent fractionation (MDF) and
mass independent fractionation (MIF). MDF is usually evaluated via δ202Hg (‰) and MIF for the
isotope of interest is the difference between the measured delta value and that predicted by the
kinetic MDF law (Bergquist and Blum, 2007):
(a.)

Δ199Hg = δ199Hg − (δ202Hg × 0.2520)

(b.)

Δ200Hg = δ200Hg − (δ202Hg × 0.5024)

(c.)

Δ201Hg = δ201Hg − (δ202Hg × 0.7520)

(d.)

Δ204Hg = δ204Hg − (δ202Hg × 1.4930)

(Eq. 3.2)

Processes fractionating Hg isotopes from each other can impart MDF and/or MIF. MDF
occurs because heavier isotopes have a lower zero-point energy resulting in slower reaction time
relative to the lighter isotopes (Bigeleisen and Mayer, 1947; Urey, 1947; Blum and Bergquist,
2007; Buchachenko, 2009). MDF is imparted during redox transformations, biological cycling,
and volatilization of Hg. MIF processes that also impart MDF include microbial methylation by
sulfate reducing bacteria (SRB) (Rodriguez-Gonzalez et al., 2009), thiol-ligand binding and iron

25

oxide

sorption

(Wiederhold

et

al.,

2010;

Jiskra

et

al.,

2012)

and

microbial

reduction/demethylation (Kritee et al., 2007; 2008).
MDF alone identifies only some of the major Hg cycling processes, but the combination
of MDF and MIF provides a more complete picture. MIF can be broken down into three subcategories: (1) MIF that imparts an effect on odd-mass isotopes due to the magnetic isotope
effect (MIE) (Buchachenko, 2001), (2) MIF that imparts an effect on odd-mass isotopes due to
the nuclear volume effect (NVE) (Bigeleisen, 1996) and (3) MIF that imparts an effect on the
even-mass isotopes (has been documented in natural systems but mechanism remains unclear).
Odd-MIF (the first two subcategories) is observed via Δ199Hg or Δ201Hg. Distinct reactions
produce different Δ199Hg/ Δ201Hg slopes and can thus be used as identifiers of key processes
giving rise to isotopic signatures.
Odd-MIF due to the MIE is predicted to have a larger effect on odd (vs. even) isotopes in
photochemical reactions (Zhang et al., 2006; Bergquist and Blum, 2007). One major pathway of
Hg into and out of an ecosystem is via photochemical reduction of aqueous Hg2+ to Hg0 which is
expected to have a Δ199Hg/Δ201Hg slope equal to 1.0 ± 0.01 (1SE) (Bergquist and Blum 2007).
The ratio has been shown to vary depending on Hg/DOC from 1.19 to 1.3 (Zheng and
Hintelmann, 2009). The photodegradation of MeHg to Hg0 in the presence of organic matter has
been shown to produce a Δ199Hg/Δ201Hg slope equal to 1.34 ± 0.04 (1SE) (Bergquist and Blum
2007). Highly negative MIF is found in snow exposed to atmospheric mercury depletion events
(AMDEs) resulting from reactions with halogens in the atmosphere. Photochemical reduction of
Hg2+ oxidized by halogenated compounds in snow has a unique Δ199Hg/Δ201Hg slope of 1.07 ±
0.02 (1SE) (Sherman et al., 2010). Photochemical reduction of Hg2+ to Hg0 from snow is thought
to result in very depleted Δ199Hg values associated with highly enriched δ202Hg (Sherman et al.,
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2010).

Sherman et al. (2010) made isotopic measurements of snow during AMDEs and

attributed the isotopic fractionation to reduction of Hg2+ to Hg0 that selected for odd-mass Hg
isotopes, thereby leaving behind a depleted or very negative Δ199Hg signature in the snow.
Odd-MIF due to NVE is indicative of equilibrium reactions and results in small shifts
(~0.1 ‰) in odd-MIF compared to MIE (Wiederhold et al., 2010). The equilibrium evaporation
of Hg0 produces a Δ199Hg/Δ201Hg slope of 1.59 ± 0.03 and leads to enriched vapor and a depleted
liquid reservoir (Ghosh et al., 2013). Dark abiotic reduction of Hg2+ by dissolved organic matter
results in a similar Δ199Hg/Δ201Hg slope of 1.6 ± 0.06 (2SE) (Zheng and Hintelmann, 2010).
Photochemical reduction of Hg2+ bound to thiol ligands in solution is also thought to be a NVE
associated with odd-MIF with a slope of 1.54 ± 0.22 (2SE) (Wiederhold et al., 2010). This
reaction also favors the odd isotopes for reduction and results in negative Δ199Hg in the
remaining solution and leaves the resin enriched in odd isotopes. This process serves as a
potential explanation for slightly more negative MIF of foliage, lichens and mosses relative to
the atmospheric gaseous Hg signatures (Blum et al., 2012; Demers et al., 2013).
Even-MIF, manifested as Δ200Hg or Δ204Hg, has been documented in precipitation first
reported by Gratz et al. (2010) and then by Chen et al. (2012) who attributed this anomaly found
only in precipitation samples to photo-oxidation of Hg0 in the Arctic tropopause. Since then,
others have also reported even-MIF (Demers et al., 2013, 2015; Donovan et al., 2013; Blum and
Johnson, 2015; Sherman et al., 2015). Both Demers et al. (2013) and Blum and Johnson (2015)
reported a Δ200Hg/Δ204Hg slope of -0.5 in environmental samples associated with large
precipitation inputs.
Stable Hg isotopes not only identify the key processes involved in the environmental
cycling of Hg but also distinguish amongst different sources. The main sources important to
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Arctic soils are precipitation, dry deposition and vegetation. The atmosphere provides a means of
transporting Hg globally, with the potential to deposit Hg into the landscape via wet or dry
deposition. Arctic snow may be further influenced by AMDEs. Studies have focused on
understanding globally and locally the dominant path for Hg delivery to terrestrial and aquatic
ecosystems. Studies of Hg isotopes have identified dry deposition as a dominant pathway for Hg
deposition and accumulation (Demers et al., 2013; Obrist et al., 2017), though ultimately the
relative significance of wet vs. dry deposition to the Hg budget in an ecosystem depends on local
and regional environmental conditions including climate and vegetation. Global values for
background dry deposition of gaseous elemental Hg (GEM) range from 0 ‰ to 0.48 ‰ for
δ202Hg, -0.25 ‰ to -0.13 ‰ for Δ199Hg, -0.13 ‰ to -0.01 ‰ for Δ200Hg, and -0.25 ‰ to -0.11 ‰
for Δ201Hg (Gratz et al., 2010; Demers et al., 2013; Sherman et al., 2013; Fu et al., 2014 and
Wang et al., 2015). The only Arctic values reported to date are from the Alaskan tundra ranging
from 0.58 ‰ to 0.76 ‰ in δ202Hg and Δ199Hg of -0.28 ‰ to -0.21 ‰ (Obrist et al., 2017)
Precipitation ranges in regions with medium to low anthropogenic Hg sources as range from 1.24 ‰ to 0.11 ‰ for δ202Hg, 0.13 ‰ to 0.78 ‰ for Δ199Hg, 0.09 ‰ to 0.65 ‰ for Δ200Hg, and
0.14 ‰ to 0.76 ‰ for Δ201Hg (Gratz et al., 2010; Chen et al., 2012; Donovan et al., 2013;
Demers et al., 2013; Jiskra et al., 2015). Obrist et al. (2017) reported non-AMDE wet deposition
snow values that ranged from -0.27 ‰ to 0.74 ‰ in δ202Hg and 0.1 ‰ to 0.2 ‰ in Δ199Hg.
Uptake of Hg from the atmosphere via vegetation is a significant process of Hg
deposition and accumulation (Demers et al., 2013; Zheng et al., 2016; Obrist et al., 2017). This
process results in a very large shift in MDF (δ202Hg up to -3.00 ‰) and preserves the MIF from
the atmosphere to the foliage. The MIF reported from foliage and litter has been predominantly
associated with a dry deposition Hg0 photoreduction signature (Demers et al., 2013; Zheng et al.,
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2016; Obrist et al., 2017). The very large and negative MDF in foliage and litter is conserved
through the decomposition process.
When atmospheric sources of Hg include both anthropogenic and geogenic, Hg stable
isotopes can help to distinguish between the two. While geogenic and anthropogenic sources
such as coal combustion might have similar MDF values, geogenic sources are characterized by
near zero MIF (Sonke et al., 2008; Zambardi et al., 2009) while anthropogenic sources tend to
exhibit moderately negative MIF values (Biswas et al., 2008).
Stable Hg isotopes have been widely applied in temperate regions, and in particular,
North America, but few studies have utilized this tool in Arctic ecosystems. Obrist et al. (2017)
carried out a multi-year study of Hg cycling in Toolik Lake, AK. They found Hg isotopes of
atmospheric deposition and evasion mainly show a signal attributable to photoreduction of Hg.
By combining isotopes with annual measurements of concentrations they conclude that the
dominant input of Hg to the Alaskan Arctic tundra is via dry deposition enhanced in the summer
by uptake from vegetation. In this study, Arctic-relevant AMDE signal and wet deposition
reactions played very limited roles in explaining Hg isotopic signatures, suggesting that, if
assessed in terms of mass balance, these mechanisms are insignificant for the transport and
cycling of Hg in the studied Arctic tundra.

3.4 Methods

3.4.1 Study Site
For this study I focus on the three dominant habitat types found in the mire and
previously characterized in Chapter 2 and in Fahnestock et al. (2019). Briefly, these include (i)
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the active layer of well-drained palsas or hummocks underlain by continuous permafrost
occupied mostly by ericaceous shrubs, (ii) semi-thawed ombrotrophic bog sites dominated by
Sphagnum spp. with variable water table depths, (iii) fully thawed, saturated fen sites dominated
by Carex spp. and Eriophorum angustifolium (Christensen et al., 2004, Malmer et al., 2005,
Palace et al., 2018). During the sampling period of July 2013, the active layer for the palsa was
44 cm deep, while at the bog site the active layer was 75 cm deep.
Age constraints, in terms of the isolation of the depth of the solid peat from interacting
with modern C or gaining

210

Pb, are available for the three Stordalen mire sub habitats. For the

autochamber palsa, bog and fen sites in this study, Holmes et al. (2022) report age constraints
from combined 14C and 210Pb dating on peat cores linked with those discussed in Chapter 2 (and
in Fahnestock et al., 2019). The age of the S3-2013 (bog) at a peat depth of 34 cm is 112 cal yr
BP. The fen core (E3-2013) was only dated to 14 cm depth with an age of 31 cal yr BP. Though
the 2013 palsa core ages were not analyzed as part of the Holmes et al. (2022) work, a core
sampled in 2012 from the palsa autochamber site (P-1 2012) represents the best available
chronology that can be used to compare to Hg depth profiles and isotopic variations in this study.
At 40 cm depth the palsa was dated to ~1,500 cal year BP.

3.4.2 Field Sampling Methods

A total of 38 samples were analyzed to characterize Hg isotopes over the three main
habitat types including peat cores (sampling protocols described in Appendix A) and vegetation
represented across the mire sites. Vegetation from plant species found in the mire sites were
subsampled in July 2019. Species were identified, photographed in-situ and multiple specimens
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from each species were sampled in order to 1) collect a sufficient amount of sample necessary
for stable Hg isotope analysis and 2) account for small variations in isotope abundances imparted
by an individual vegetation specimen. With this sampling strategy, it is therefore assumed that
the values reported for each vegetation species are representative of the autochamber mire sites
framed in Figure A.1. Most samples discussed in this study represent living foliage, either leaves,
moss or stems. Exceptions include samples of desiccated foliage, likely as foliage from previous
year of Eriophorum vaginatum in the bog site and Carex spp. in the fen. These types of samples
are referred to as “litter.” The bog sphagnum moss was split during sampling in the field; the top
part was dry and yellow, green, and orange whereas the bottom part of the moss was reddish
brown and water-saturated. These two samples are referred to as “sphagnum spp. top” and
“sphagnum spp. saturated” throughout the text and in figures.
All samples were collected with gloves in the field, double bagged, frozen and freezedried prior to analysis. A stainless-steel apparatus, which was washed and cleaned between
samples to minimize cross-contamination, was used to grind and homogenize the samples for
total Hg and stable isotope analysis. Peat sampling methods are as previously discussed (Chapter
2, Appendix A).

3.4.3 Hg Stable Isotopes Analytical Methods

Stable Hg isotope extractions were carried out via two-stage combustion furnace and
subsequent oxidation into a potassium permanganate trap as described in Biswas et al. (2008).
The benefits of this method over acid digestion include lower procedural blanks and, thus, the
ability to achieve measurements with smaller amounts of sample. Since all samples were
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previously analyzed for total Hg via EPA method 7473 (cf. Chapter 2), the exact amount of
sample required to obtain enough Hg for isotope analysis was known. Sample preparation for Hg
isotope analysis requires homogenization using an acid clean agate mortar and pestle. Briefly,
the freeze dried and homogenized sample was weighed into a ceramic boat and loaded into the
combustion furnace quartz tube. The decomposition furnace was held at 1000°C for six hours,
while the combustion furnace ramped up from room temperature to 750°C over six hours while
ultra-high purity oxygen flowed through the tube from an inlet and mid-section of the tube. A ~
20mL KMnO4 trap collected the Hg bubbled in via glass sparger from the two-stage furnace.
Solutions were stored in a refrigerator until Hg isotope analysis was carried out. Prior to analysis,
KMnO4 solutions were partially reduced via addition of 2% v/v of concentrated hydroxylamine
hydrochloride (HyHCl) and fully reduced via stannous chloride online with multi-collector
inductively coupled plasma mass spectrometer (MC-ICP-MS) via CETAC HGX-200 coldvapor/hydride-generation apparatus. The Nu Instruments Plasma II faraday cup configuration is
shown in Appendix Table B.1 and typical instrument tuning settings are shown in Appendix
Table B.2. In order to verify that the combustion extraction procedure was properly set-up, a
series of extractions on quality control standards ERM-580 and DORM-4 were carried out to
assess accuracy and recovery. Sample recoveries were assessed via comparison the NIST SRM
3133

202

Hg voltage (where concentration is known) and calculating expected voltage based on

the amount of sample added and dilutions carried out in the extraction process. The top portion
of the sphagnum sample was contaminated between combustion and analysis, and all of the
collected sample was required for the single extraction, therefore only the saturated portion of
the Sphagnum spp. has stable Hg isotopes reported. NIST SRM 3133 was used as a bracketing
standard throughout the instrument analysis. ALMADEN solution standard is run as quality
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control for instrument accuracy (Appendix Table B.3). All standards were matrix-matched by
diluting with KMnO4 and HyHCl solution.

3.4.4 Statistical Approach

Linear regressions for Δ199Hg/Δ201Hg slopes were conducted in R.5.2 (R Core Team,
2018). A bootstrapping model approach was applied to constrain the analytical error on the X
and Y axes.

Bootstrapping occurred over 1,000 iterations without replacement. For each

iteration, Δ199Hg and Δ201Hg values were randomly estimated for each sample using the
measured value and the uniform distribution (±1SD) around that value using the runif function,
and then were modeled with linear regression. Separate bootstrapping was performed for the
palsa, bog and fen sites, such that three separate bootstrapped regressions were performed
(Figure 3.5a). Histograms showed the bootstrapped data to be normally distributed and thus fit
the normality assumption for performing parametric statistics. The 1,000 slopes and intercepts
from each bootstrapped model were statistically compared for among-site differences with
analysis of variance. A post-hoc Tukey HSD (honest significant difference) determined pairwise
significant differences in model slopes and intercepts between sites (Figure 3.5b). Bootstrapped
model results were also used for calculating mean ±1SD slope and intercept values.
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3.5 Results and Discussion

3.5.1 The range of Hg stable isotopes in Stordalen Mire

Stordalen mire vegetation and peat from three sub habitats showed large variations in
stable isotope Hg signatures in both MDF indicated by δ202Hg and odd-MIF indicated by Δ199Hg
and Δ201Hg (as defined in Eq. 3.1). Across the mire sites, δ202Hg ranged from -2.27‰ to -0.66‰,
Δ199Hg from -0.58‰ to 0.09‰ and Δ201Hg from -0.49‰ to -0.15‰. The sections that follow
explore possible pathways and sources to explain both MDF and MIF differences observed in the
following: vegetation species, depth profiles of peat cores and between the three sub habitats that
are exposed to differing environmental conditions.

3.5.2 Characterization of Hg in vegetation across a permafrost thaw gradient

Foliar total Hg concentrations from Stordalen Mire ranged from 3.6 ± 0.1 ppb to 14.2 ±
0.2 ppb (Table 3.1). Olson et al. (2019) reported Hg concentrations for vegetation in the Alaskan
tundra for the shrub functional group (e.g., Betula nana) that were within the range found in the
palsa site at Stordalen Mire. However, for the moss group which includes Sphagnum spp., Hg
concentrations in the bog site were two-fold lower than the peat moss range reported for Alaskan
Tundra sites. Specimens of litter, likely the previous year’s growth, for multiple species,
contained higher Hg concentrations than the current year’s growth. Eriophorum vaginatum litter
from the bog site contained 2-3 times more Hg than living samples both from the palsa and the
bog sites (Figure 3.1). Carex spp. litter in the fen site was enriched in Hg more than six-fold
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relative to current year’s growth. Vegetation has been shown to accumulate Hg throughout the
growing season as foliage grows and foliar surface area increases with the highest Hg
concentrations found late in the summer prior to senescence both in the short growing season of
the tundra as well as in temperate regions (e.g., Rasmussen, 1998; Rea et al., 2002; Olson et al.,
2019) and litter has been shown to accumulate Hg during litter decomposition (Hall and St.
Louis, 2004; Demers et al., 2007).
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Figure 3.1 Total Hg in vegetation representative of dominant species in Stordalen Mire sites
along the permafrost thaw gradient: palsa (brown), bog (green) and fen (blue) sites. Species are
ordered within habitat in decreasing order of percent distribution as reported in Palace et al.
(2018). The error bars represent the 1 sigma standard deviation analytical uncertainty.

Stable isotopes of Hg provide further evidence in support of how vegetation cycles Hg in
this landscape. Both MDF and MIF for vegetation samples in this study are shown in Figure 3.2.
Also included for comparison are bulk vegetation, atmospheric gaseous elemental mercury
(GEM) and Hg2+ from wet deposition ranges found in the Alaskan tundra for comparison (Obrist
et al., 2017). The mire vegetation ranged in MDF from -2.27‰ to -0.66‰, in odd-MIF from 0.30‰ to -0.02‰ for Δ199Hg and -0.35‰ to -0.13‰ for Δ201Hg, and in even-MIF from -0.06 to
0.1‰ for Δ200Hg. All samples have strongly depleted δ202Hg that are indicative of fractionation
due to foliar uptake. All bog vegetation shows relatively enriched Δ199Hg values compared to fen
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and palsa vegetation. Since wet deposition tends to have values that are more enriched in both
δ202Hg and Δ199Hg, we would expect vegetation with a larger contribution of wet deposition to
also have more enriched Δ199Hg values. The bog is not hydrologically connected and receives
water from precipitation; therefore, these more elevated MIF signatures may be indicative of the
incorporation of wet deposition derived Hg into the bog vegetation. The isotopic signatures of
foliage and litter pairs in both the bog and the fen are within analytical error. The similar isotopic
signatures between litter and living vegetation coupled with higher Hg concentrations in litter
compared to living foliage, are consistent with prior studies showing that accumulation of Hg
continues during decomposition (Hall and St. Louis, 2004; Demers et al., 2007). Isotopic
fractionation of Hg continues to occur as well and the signature is preserved in soils (e.g. Demers
et al., 2013). The similar isotopic signatures between litter and living foliage suggest that the
uptake pathway, which induces a large MDF of -3‰ to -1‰ is occurring both during foliar
growth and post senescence.
Lastly, Eriophorum vaginatum is found in both palsa and bog sites allowing for
comparison of the same species growing under different conditions with different amounts of
Hg. As shown in Fahnestock et al. (2019), the palsa site stores considerably more Hg in the peat
than the bog site. Samples of Eriophorum vaginatum collected from each site did not
significantly differ in either total Hg concentrations or isotopic signatures. This is further
evidence indicating that the species structure and function influences the accumulation of Hg in
the vegetation.
Shifts in vegetation community distribution have been well documented in Stordalen
Mire over the last ~50 years (Varner et al., 2022; Malmer et al., 2005; Christensen et al., 2004).
These studies have reported a decrease in palsa hummocks underlain by permafrost and semi-wet
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Sphagnum spp. dominated bogs and an increase in fully thawed sedge dominated fens and areas
of open water ponds. Since different vegetation species have the ability to accumulate different
amounts of Hg, large scale shifts in species distribution may change the quantity of Hg
accumulated via vegetation within an ecosystem. Recent work in the Alaskan tundra found that
Hg foliar uptake can account for 71% of the Hg deposited from the atmosphere (Obrist et al.,
2017; Olson et al., 2019) and is therefore an important pathway of Hg inputs from the
atmosphere.

Figure 3.2 Mass independent fractionation (Δ199Hg - MIF) vs mass dependent fractionation
(δ202Hg - MDF) of different vegetation species from Stordalen Mire sites from across a
permafrost thaw gradient. The gray oval represents Arctic tundra bulk vegetation, the solid
square field is the range in gaseous elemental mercury (GEM) and the gray horizontal striped
field is the wet deposition Hg2+ measured in Toolik Lake Field Station Alaska, USA by 1Obrist et
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al., (2017). The error bars in the bottom left corner are the 2 sigma external uncertainties in
both MIF and MDF measurements.

3.5.3 Stable Isotope Hg signatures in peat cores from Stordalen Mire

All peat samples from Stordalen mire exhibited significant MDF with depleted δ202Hg
values ranging from -2.22‰ to -1.14‰; including palsa, bog and fen cored sites (Table 3.2;
Figure 3.3a). Depth profiles in Figure 3.3a show the palsa, bog and fen overlap within analytical
uncertainty (2SD) in δ202Hg. The peat also shows significant MIF via both Δ199Hg and Δ201Hg
values ranging from -0.58 ‰ to 0.09 ‰ and -0.49 ‰ to -0.15 ‰, respectively. The Δ199Hg
showed the larger magnitude MIF signatures for all sites in this study. Most samples were
depleted in Δ199Hg (negative MIF values) with the exception of two samples from the bog that
were enriched in Δ199Hg. The bog site was consistently more enriched in Δ199Hg relative to the
palsa and fen (Figure 3.3b). The palsa is typically the most depleted site in Δ199Hg with the
exception of one sample from the fen at 10 cm. Generally, the peat becomes more depleted in
Δ199Hg with depth, a pattern that is more pronounced in the palsa and less marked in the bog and
fen (Figure 3.3b). The Δ199Hg signatures for the fen range from -0.47 to -0.07, spanning the
range of the palsa Δ199Hg values and the depleted bog values. Like the palsa, in the fen deeper
peat samples are more depleted Δ199Hg than the shallower depths.
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Figure 3.3 Depth profiles of (a) MDF (δ202Hg) (b) MIF (Δ199Hg) of vegetation (open symbols) and
peat cores from (closed symbols) from Stordalen Mire sites representing a permafrost thaw
gradient. Vegetation fields are denoted by brown, green and light blue shaded ovals. The gray
square field is the range in gaseous elemental mercury (GEM) measured in Alaska by Obrist et
al., (2017). The error bars in the bottom left corner are the 2 sigma external uncertainties in
both MIF and MDF measurements. c) Depth profiles of total carbon and d) C/N ratios for peat
cores across the thaw gradient are also shown (after Fahnestock et al. 2019).

3.5.4 Dominant Hg processes in terrestrial sites across the permafrost gradient

The different processes that influence Hg cycling at this site become more evident when
considering MIF (Δ199Hg) vs. MDF (δ202Hg) along with possible source end members such as
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wet and dry deposition (Figure 3.4). As dry and wet deposition isotopic signatures for this
location are not available, we consider the range in values reported for wet and dry deposition
from Alaskan tundra by Obrist et al., 2017, the only study to date to report wet and dry
deposition values of stable Hg isotopes in the Arctic.
As shown in section 3.5.2 the vegetation across all three sites has large negative MDF
signatures and these negative signatures are preserved in the MDF signatures of peat across all
three sites. This pattern is indicative of the role of vegetation as a significant source of Hg that is
retained during peat accumulation. The differences in Hg cycling that arise among sites are
indicated by distinct odd-MIF signatures. The bog peat and vegetation samples cluster around
zero Δ199Hg, whereas the palsa and fen samples display more variation in MIF (from -0.58 ‰ to
-0.2‰ in Δ199Hg). The enrichment in Δ199Hg in the bog relative to the palsa and fen values may
be attributed to a larger fraction of the Hg input to the bog derived from wet deposition, a source
of Hg that is more enriched in Δ199Hg (e.g., Demers et al., 2013; Enrico et al., 2016; Obrist et al.,
2017). A higher proportion of wet deposition derived Hg in the bog is consistent with higher
Δ199Hg values. The bog has been shown to store significantly less Hg than both the palsa and the
fen (Fahnestock et al., 2019) even though the bog contains similar concentrations of organic
carbon and C/N (Figure 3.3c and 3.3d). However, Sphagnum spp. have been shown to
accumulate Hg in other wetlands (Yu et al., 2010). The lower Hg accumulation and low MeHg
concentrations in porewaters observed in Stordalen Sphagnum moss dominated bogs may be
attributed to a combination of process including: the saturated conditions that favor microbial
transformation of inorganic Hg to MeHg followed by photochemical demethylation that would
release Hg to the atmosphere. The photo demethylation reaction would leave the reservoir more
enriched in Δ199Hg (Blum et al., 2014). Wet deposition has also been shown to have a large

42

range of approximately -0.1 to 1‰ in Δ199Hg that could vary spatially and temporally (e.g., Gratz
et al., 2010; Demers et al., 2013, Chen et al., 2012, Sherman et al., 2012; Donovan et al., 2013;
Obrist et al., 2017). The depressed hollow bog topography that is disconnected from flowing
groundwater and the ombrotrophic character would imply that the peat experiences prolonged
contact with wet deposition and more likely to retain this source of Hg than the palsa where
precipitation would drain into either the bog or fen or the fen where wet Hg deposition will likely
be diluted with a higher proportion of groundwater. Additionally, the summer precipitation in
this region has increased from 117 mm in 1959 to 143 mm in 2006 (Callaghan et al, 2010). This
recent increase in precipitation could explain why the surface peat is more enriched in odd MIF
signatures while the deeper, presumably older peat is more depleted.

Figure 3.4 Δ199Hg-δ202Hg relationships in vegetation (open symbols) and peat cores (closed
symbols) from Stordalen Mire. The gray solid square field is the range in Arctic tundra gaseous
elemental mercury (GEM) measured in Toolik Lake Field Station Alaska, USA by 1Obrist et al.,
(2017) and the gray horizontal striped field is the wet deposition Hg2+ range from the same
study. The error bars in the bottom left corner are the 2 sigma external uncertainties in MIF and
MDF measurements.
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The ratio of Δ199Hg vs Δ201Hg can be used to explore the types of MIF-generating
processes that are important across these sites. The palsa, bog and fen Δ199Hg/Δ201Hg bootstrap
modeled slopes were 1.06 ± 0.14 (1SD), 1.14 ± 0.35 (1SD), and 1.07 ± 0.15 (1SD), respectively.
A verification on the bootstrap modeled slopes was carried out by running a maximum likelihood
regression (York et al., 2004) in IsoplotR (Vermeesch, 2018). This is applied when considering
errors in Y and X directions that are different. The York regression models yielded slopes of 1.14
± 0.12 (1SD), 1.99 ± 0.33 (1SD), and 1.20 ± 0.13 (1SD) for palsa, bog and fen, respectively.
Compared to the bootstrap model, all York regression slopes are higher but within error for the
palsa and fen. The bog site, while still significantly elevated than other sites, yields a steeper
mean slope with similar slope errors to the bootstrap model.
Both the palsa and the fen have similar Δ199Hg/Δ201Hg slopes of 1.06 ± 0.14 (1SD) and
1.07 ± 0.15 (1SD), respectively. As described earlier, a slope of 1.07 ± 0.02 (1SE) is indicative
of photochemical reduction of Hg2+ that was oxidized by halogen compounds in the snow
(Sherman et al., 2010) whereas a slope of 1.0 ± 0.02 (1SE) has been shown to be produced from
photochemical reduction of Hg2+ in the presence of organic matter. As shown in prior studies,
the inherent heterogeneity of environmental samples combined with mixing of multiple
processes with very small shifts in Δ199Hg/Δ201Hg make it difficult to distinguish between these
two photochemical reduction processes (Blum et al., 2014).
Additionally, both the palsa and the fen show near surface enrichments of total Hg
concentrations coupled with Δ199Hg signatures that trend towards more enriched near the surface.
An increase in Hg accumulation in a palsa core from the northern section of Stordalen Mire was
associated with an increase in atmospheric Hg deposition from anthropogenic sources using
210

Pb chronology (Rydberg et al., 2010). Additionally, coal throughout the world was found to
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fractionate along a Δ199Hg/Δ201Hg of 1.09 ± 0.02 (2SE) (Sun et al., 2014). Therefore, it is also
possible that the fen and palsa sites have accumulated and preserved the isotopic signature of
anthropogenically derived Hg as concentrations have increased since the 1800s (Table 2-2).
The bog, however, with a Δ199Hg/Δ201Hg slope of 1.14 ± 0.35 (1SD), was statistically
different from the palsa and fen. The low sample number (n=7) over a small range in X and Y
values results in a poorly constrained slope that may also be indicative of the heterogeneity of the
bog. The bog is likely experiencing photoreduction, especially near the surface. This would be
via the same pathways that appear to control the pattern in the fen and palsa, either
photoreduction in the presence of organic matter or via incorporation of Hg from snow that has
experienced

photoreduction

in

the

presence

of

halogen

compounds.

However,

photodemethylation could also be a loss pathway as the bog has the highest of the three
photoreduction inducing slopes (1.34 ± 0.02 1SE). The results presented in Fahnestock et al.
(2019) show that pore water MeHg is very low (below detection limit in most cases) and that the
microbial community distribution there has very low abundance of methylators. The last
reduction process to consider is abiotic reduction of Hg (II) by dissolved organic matter with a
slope of 1.61 ± 0.06 (Zheng and Hintelmann, 2010). This loss process cannot be entirely ruled
out as conditions in the bog would be favorable for this pathway and Hg (II) occurs at a higher
concentration than MeHg (Fahnestock et al. 2019), which would be required for photo
demethylation to be plausible. Evidence of dark abiotic reduction in environmental samples has
not been widely reported, however, most recently, Jiskra et al. (2015) found dark abiotic
reduction by organic matter could be an important reductive pathway of Hg re-emission in
histosols.
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(a)

(b)
Figure 3.5 a.) Modeled range of possible Δ199Hg and Δ201Hg values for palsa (brown), bog
(green) and fen (blue) using the 1SD from NIST SRM Almaden 8610 for Δ199Hg and Δ201Hg to
model upper and lower limits (dotted lines), output is constrained to empirical data range. b)
Box and whisker plot for modeled Δ199Hg vs. Δ201Hg slopes for palsa, bog and fen.
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3.5.5 Distinctive even-MIF isotopic signatures support stronger role of wet deposition to
bog site

Though even-MIF has been shown to be smaller in magnitude fractionation than oddMIF, it has been shown to better preserve the signature of dry vs. wet deposition in
environmental samples. The Δ200Hg vs. Δ204Hg values show small enriched even-MIF for some
of the bog peat samples (Figure 2.6). A York regression through all mire peat samples yields a
Δ200Hg/Δ204Hg slope of -0.45 ± 0.075. Studies have shown a Δ200Hg/Δ204Hg slope of -0.5 ± to be
representative of a precipitation source (Demers et al., 2013; Blum and Johnson, 2017). Due to
the high temporal and spatial variability of wet precipitation Hg isotope signatures, the specific
site wet deposition values are necessary to carry out a mass balance calculation and estimate the
quantity of Hg in the bog derived wet vs. dry deposition.

Figure 3.6 Even-MIF (Δ200Hg vs. Δ204Hg) in peat cores from this study. The error bars in the
bottom left corner are the 2 sigma external uncertainties in both MIF and MDF measurements.
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3.6 Conclusions

Stable isotopes of Hg, coupled with previously published elemental constraints from
Fahnestock et al. (2019), further our understanding of the similarities and differences in Hg
cycling across the landscape of Arctic ecosystems (Figure 3.7). As seen in samples studied here
and those by Obrist et al. (2017), vegetation is an important pathway for Hg accumulation to the
thawing mire as demonstrated in the large negative MDF signatures preserved in the peat layers
across all thaw stages. This pattern is especially important as it is increasingly clear that climate
is causing shifts in vegetation species distribution at many northern sites. More detailed studies
in addition to this work and Obrist et al. (2017) are needed to provide a predictive framework of
how Hg will be accumulated in Arctic vegetation and peat as the system continues to undergo
change (Obrist et al., 2017; Olson et al., 2019). Photoreduction was shown to be an important
pathway for the palsa, bog and fen. Moreover, the bog site Hg isotopic signatures bear witness
to wet deposition as a source of Hg. Future changes in wet Hg deposition may be important when
considering Hg assimilation in different habitats within the Arctic ecosystem. Studies of Hg in
the Arctic are under-represented in global Hg assessments and will become increasingly more
important to provide insight into how this vulnerable ecosystem responds to climate change.
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Figure 3.7 Conceptual diagram summarizing Chapter 2 and Chapter 3 findings. Red arrows
denote relative fluxes of gaseous Hg, Hg2+ and Hp. Different icons highlight the relative
importance of sources of Hg to different sites, e.g. litter for the bog and fen and precipitation
for the bog. Microbe icons highlight that MeHg concentrations and potential Hg methylators
were highest in the fen (Fahnestock et al., 2019).
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CHAPTER IV

MERCURY CYCLING IN SUBARCTIC POSTGLACIAL LAKES FROM STORDALEN
MIRE, SWEDEN

4.1 Abstract

Permafrost thaw driven by climate change in northern high latitudes plays a significant
role in enhancing the mobilization of previously sequestered peatland mercury (Hg) to the
atmosphere and hydrosphere. The fate of the Hg in these watersheds may strongly depend on the
presence of lakes and vary in response to their physical characteristics including depth, surface
area, and sediment composition. Three lakes from the well-characterized Stordalen Mire in
Abisko, Sweden were studied to explore intra- and inter- lake variability in total lake sediment
Hg. Surface water methyl Hg (MeHg), the bioaccumulating form of Hg, as well as total Hg in the
water column were also measured at these lakes during the growing season over multiple years.
Sediment coring locations include: (1) 12 cores taken at Villasjön (VS), a shallow lake
less than 1.5 meters water depth that drains into the nearby fen and with a previously established
methane (CH4) ebullition flux gradient; (2) one core from the stream that connects the mire to
downstream lake Mellersta Harrsjön (MH); (3) two cores from MH, a lake with a maximum
water depth <7 m; and (4) two cores from Inre Harrsjön (IH), that connected to MH, with a
maximum water depth of <5 m.
Surface water measurements indicate that dissolved organic carbon (DOC) from the fen
is strongly associated with total Hg and MeHg transport. Concentrations of Hg in water are, in
some cases, decoupled from the total Hg concentrations measured in the sediments. Surface
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water sampling during multiple times in the growing season showed large variabilities both in
MeHg and total Hg. Lastly, lake physical and chemical characteristics such as sediment source,
water depth, and proximity to a permafrost peatland experiencing thaw may influence the
amount of Hg in the water bodies and the associated exposure of Hg by biota.

4.2 Introduction

Anthropogenic activities since have increased the amount of Hg to the atmosphere (e.g.,
Fitzgerald et al., 2005; Lindberg et al., 2007l; Streets et al., 2019). Together, both natural and
anthropogenic emissions of Hg can be deposited to aquatic ecosystems via dry and wet
deposition as well as surface runoff. Generally, once in aquatic ecosystems, some Hg can be reemitted to the atmosphere by photoreduction processes while the rest will remain in the water
column in aqueous complexes with chloride, dissolved organic matter or bound to particulates
(Allard and Arenie, 1991; Ulrich et al., 2001). Some of the Hg in the water column can be
deposited into sediments for longer term storage on clay surfaces or bound to sulfide minerals
(Ulrich et al., 2001) and some can be transported in discharge waters. Anaerobic conditions favor
the microbial transformation of inorganic Hg to the more toxic and bioaccumulating,
methylmercury, MeHg. Sediments can therefore be a source of MeHg to aquatic ecosystems
where it can be transported in the water column with dissolved organic matter (DOC) (e.g.,
Dittman et al., 2009). When DOC concentrations are less than ~ 8 mg C L-1 DOC has been
shown to facilitate the MeHg accumulation in aquatic biota, but at greater than 8 mg C L -1 DOC
can decrease the bioavailability of Hg for methylation (Driscoll et al., 1994). Demethylation can
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offset MeHg production via abiotic and biotic processes (Pak and Bartha 1998; Parks et al, 2013;
Blum et al., 2013).
Though abundant in permafrost, Hg is essentially sequestered from further processing in
the environment while frozen in peat. However, permafrost thaw and subsequent increases in soil
moisture, microbial activity and changing hydrology and vegetation, result in the release of Hg
into terrestrial and aquatic ecosystems (e.g., Rydberg et al., 2010; Douglas et al., 2012). Studies
of northern peatlands and lakes have shown that Hg export accompanies climate changeassociated organic carbon disturbances (Klaminder et al., 2008; Rydberg et al., 2010; French et
al., 2014; St. Pierre et al., 2018). Sequestration of Hg in terrestrial ecosystems is positively
correlated with soil organic matter content (Grigal, 2003; Smith-Downey et al., 2010), with
northern peatlands constituting a large natural reservoir of organic carbon (Tarnocai et al., 2009).
Therefore, changes in the carbon balance from thawing permafrost, together with changing redox
conditions result in increases of labile carbon that can drive Hg mobilization.
The release of Hg into the hydrosphere from a sequestered state in frozen organic
material is of great concern, as Hg, in its methylated form is a neurotoxin that bioaccumulates
and amplifies up the food chain. Arctic lakes can be rich in organic matter (Andersson et al.,
2009; Tranvik et al., 2009) and post-glacial lakes, in particular, constitute a major fraction of
lakes in the Arctic and subarctic by area (Smith et al., 2007; Grosse et al., 2013; Verpooter et al.,
2014; Whitfield et al., 2015; Wik et al., 2016). Lakes store Hg in sediments, but sediments are
also an important site of MeHg production (e.g., Gilmour et al., 1995; Eckley et al., 2005).
Therefore, sediments have the potential to be sources of MeHg to the water column where it can
be bio-concentrated and biomagnify up the food chain (Nishimura and Kumagai, 1983; Morell et

52

al., 1994). Sediments, drainage waters and stream inlets can thus be sources of MeHg to surface
waters where MeHg can be bioaccumulated.
In northern Sweden, warming temperatures in the Abisko region over the past decades
have correlated with increased active layer depth and shifts in timing of lake freeze and ice
break-up (Callaghan et al., 2010). The loss of permafrost in Stordalen Mire is resulting in palsa
degradation and expansion of thaw ponds and shorter ice-covered seasons (Christensen et al.,
2004; Johansson et al., 2006). Previous Hg studies at Stordalen Mire have focused on
understanding accumulation rates of Hg in peat (Klaminder et al., 2008) and lake sediments
(Rydberg et al., 2010), finding links between atmospheric and terrestrial Hg cycling, and
identifying sources of MeHg along a permafrost thaw gradient (Fahnestock et al., 2019). In this
study, three post-glacial lakes within Stordalen Mire are evaluated for sediment and surface
water Hg concentrations. Multiple lakes are sampled for surface water total Hg and MeHg during
the growing season in 2018 and 2019 because the fate of fen derived MeHg and total Hg may
vary spatially and temporally, depending on the lake chemistry, physical characteristics and
microbial community present in the water column and lake sediments. The lake sediments are
characterized for total Hg contents and compared to sediment chemical and physical properties.
In the surface waters, we employ the use of strontium isotopes to interpret hydrological
pathways. When combined with DOC and particulate organic carbon (POC), two compounds
that associate with Hg and that directly affect its bioavailability and transport, we hope to better
understand the changes in total Hg and MeHg of surface waters draining the peatland.
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4.3 Sampling and Analytical Methods

4.3.1 Water flow paths as inferred from surface water strontium isotopes

To test the modeled Stordalen water flow path of Olefeldt and Roulet (2012), Stordalen
Mire surface waters were sampled in July 2014 and 2018 for strontium (Sr) isotope analysis.
Acid-cleaned 500 mL HDPE bottles were filled at each of the sampling locations and frozen
upon return to Abisko field station. Samples were thawed, subsequently acidified with triple
distilled nitric acid to 2% v/v and evaporated. The resulting salts were processed via ion
chromatography with Eichrom Sr-Spec resin to purify and concentrate strontium. Strontium
isotopes were analyzed via Multi-Collector Inductively Coupled Plasma Mass Spectrometry
(MC-ICP-MS) Nu Instruments Plasma II. Samples were diluted to match concentrations of NIST
SRM 987 (SrCO3) employed in standard-sample bracketing to correct for instrumental drift
(Albarède et al., 2004). Replicate analyses of a NIST SRM 987 25 ppb solution gave an average
of 87Sr/86Sr = 0.710248 ± 0.000017 (2σ for n = 133). Where 2014, 2018 and/or 2019 values were
available the mean
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Sr/86Sr value is reported with the standard deviation across the multi-year

sampling. Surface water sites sampled and analyzed in July 2014 and again in 2018 or 2019 for
Sr isotope analysis show distinctive signatures between lake and stream sampling locations
(Table 4.1).
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4.3.2 Sediment sampling and analysis

Lake sediment cores were collected using a modified AMS hammer corer in July 2013
and for stream sediment samples in July 2019. Lake and stream sediments were sub-sampled for
total Hg (HgT) every 2 cm. Lake sediments were also subsampled for total carbon, nitrogen and
sulfur every 5 cm (Results in Table C.1). Six out of the 12 cores collected in VS were along a
methane ebullition gradient (labeled VM’ transect) VM1-VM6 ranging from high to low CH4
ebullition (Wik et al., 2018). Cores were collected in both shallow and deep-water depth
locations at MH and IH. All sampling equipment was either acid cleaned when possible or wiped
down with ultra-pure water prior to sampling to prevent contamination. The 412 sediment aliquot
samples were freeze dried and samples for CNS analysis were oven dried. Total Hg analysis via
thermal decomposition, amalgamation/atomic absorption spectrophotometer (TDA/AAS) with
the Milestone DMA-80 Direct Mercury Analyzer (Milestone, Microwave Laboratory Systems,
Shelton, CT), at The University of New Hampshire (UNH) following US EPA Method 7473.
Standard reference materials, DORM-4 and NIST SRM 1547 were run as quality control and
replicates included every 10 samples. Total carbon, nitrogen and sulfur contents measured via
Perkin-Elmer CHNS 2400 analyzer at UNH.

4.3.3 Surface water sampling and analysis of Hg and MeHg

Surface water samples were collected in July 2018, June 2019, July 2019, and September
2019 from a rowboat following Hg clean sampling procedures (Figure 4.1). At each water
sampling location in-situ pH, dissolved oxygen, specific conductance, and water temperature
55

were recorded using a hand-held YSI 556 MPS (Multi-Probe System). Sample bottles were acidcleaned prior to use, double bagged and frozen after sampling. Upon arrival at UNH, all samples
were fully thawed. The 500 mL samples for HgT and MeHg were acidified with triple distilled
hydrochloric acid to 1% v/v. Quality control for field sampling and storage procedure was
assessed in two ways. First, a trip blank bottle was taken to the field containing 18 megaohm
laboratory water and underwent the same freezing, thawing, and acid addition as the surface
water samples. Secondly, a test of standard recovery was carried out on a frozen and thawed
standard of roughly 50 ppt to verify that all Hg is recovered from the bottles once frozen and
acidified. Surface waters were analyzed for total Hg and methyl Hg via aqueous ethylation with
sodium tetraethylborate, purging and trapping, adsorption and desorption, separation by a GC
(Clarus 500, Perkin Elmer, CT), reduction by a pyrolytic column, and detection by a cold vapor
atomic fluorescence spectroscopy (TEKRAN Model 2500, TN) modified from EPA Method
1630 (EPA, 2002) at Syracuse University. The detection limit for total Hg was 0.2 ng L-1 and
0.006 ng L-1 for MeHg. For 2018 samples dissolved organic carbon and particulate organic
carbon were measured at the UNH water quality laboratory.
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Figure 4.1 Location of surface water samples collected in different years for analysis of total Hg,
MeHg and Sr isotopes (2018, 2019), 2014 samples only analyzed for Sr isotopes.
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4.4 Results

4.4.1 Surface water strontium isotopes

Surface water Sr isotope signatures of Stordalen Mire are shown in Table 4.1. Where
multi-year Sr samples were analyzed, the mean is reported (in parentheses) with the 1 σ of the
variation of these discrete temporal samples. It is important to note that these inter- or intraannual variations represent seasonal/yearly variation as they are generally more than two orders
of magnitude in excess of the external reproducibility (as established by 2σ for the measurements
of NIST SRM 987, cf. Section 4.3.1). Villasjön contains the highest, most radiogenic

87

Sr/86Sr

(0.74322 ± 0.00022), and a thaw pond thought to be hydrologically connected to VS (Burke et
al., 2019) has the second most radiogenic values (87Sr/86Sr = 0.74126). The roadside stream,
representative of upland water Sr signatures, exhibited the least radiogenic value measured
(87Sr/86Sr = 0.73332). Upland runoff and precipitation mixes with flow from the fen in the mire
stream resulting in a
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Sr/86Sr = 0.73404 ± 0.00039. MH has signatures within the range of the

stream values (0.73437 ± 0.00056), whereas IH shows an increase to 0.73800 ± 0.00004.
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4.4.2 Total Hg in sediments

Multiple sediment cores at each of the three lakes are used to evaluate the amount of Hg
present in sediments. Sediment core depth profiles of HgT, TOC and S highlight the differences
in Hg among lakes. All twelve Villasjön depth profiles (Figure 4.2) show increasing
concentrations of Hg from ~40 cm to the sediment surface. This increasing trend from the same
depth is also observed in TOC, S and N (not included in figure). Mean surface (0 – 1 cm)
sediment Hg concentrations across the 12 cores is 82 ± 9 ng g-1. While the overall trend in Hg,
TOC and S decrease with increasing sediment depth, some samples from 25 - 35 cm depth
contain higher concentrations of Hg > 90 ng g-1.

Figure 4.2 Depth profiles of VS sediment cores from July 2013. a.) Total Hg b.) Total organic
carbon and c.) Total sulfur. TOC and S data are from Wik et al., 2018. The shallow lake VS was
cored along two transects: transect P’ (cores P1-P6) are shown in dark purple to light purple
circles). Transect M’ (cores M1-M6) are a previously established methane ebullition gradient
M1 being the highest and M6 the lowest (Wik et al., 2011).

MH and IH sediment profiles are shown in Figure 4.3 along with one recent sediment
core collected in the stream that flows into MH in 2019. For the MH and IH cores HgT
concentrations decrease with depth but does not decrease to as low values as observed in VS.
The stream sediment core shows very low sediment Hg concentrations compared to IH and MH.
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Sediment depth profiles of TOC and S in the lakes also show a general decrease with depth. The
top 40 cm in MH and IH are lower in both TOC and S compared to VS.

Figure 4.3 Depth profiles from MH and IH lake sediment cores collected in July 2013. Sediment
cores collected in deep (dark green cross) and shallow (light green cross) depth locations of MH.
Sediment cores collected in shallow (light blue square) and deep (dark blue square) locations of
IH. A recent core from the stream that drains into MH was collected in July 2019, only total Hg
concentrations are shown for the stream. From left to right total Hg, total organic carbon, and
total sulfur. TOC and S data are from Wik et al. (2018).

4.4.3 Surface water total Hg and MeHg

Stordalen Mire surface waters ranged widely in their total Hg and MeHg concentrations
spatially and temporally (Table 4.1; Figures 4.4 and 4.5). Total Hg concentrations ranged from
0.38 ng L-1 to 10.92 ng L-1. The highest total Hg values were found in the four thaw ponds
classified to be at different thaw stages (Burke et al., 2019) sampled in July 2019. VS and IH
show consistently decreasing total Hg concentrations over the time series (Figure 4.4). The
stream and MH surface waters are 2-3 times higher than VS and IH waters. Comparison between
2018 and 2019 for the month of July sampling shows a 30 ± 8% decrease in total Hg
concentrations for all sites. All sites sampled in September 2019 show lowest concentrations of
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the measured observations.
MeHg values ranged from below detection limit levels (~0.006 ng L-1) values to a
maximum of 0.24 ng L-1 measured at the steam outlet to MH in July 2018. The MeHg
concentrations in the thaw ponds ranged from 0.021 - 0.075 ng L-1 (Table 4.1). VS and IH show
consistently lower MeHg concentrations compared to other sites over the time series (Figure
4.5). Comparison between 2018 and 2019 for the month of July sampling shows a 76 ± 12%
decrease in MeHg abundance for all sites. Unlike the total Hg which showed higher values
earlier in the 2019 season, MeHg values were highest in July 2019 for MH and stream locations.

Figure 4.4 Annual and seasonal variations in =total Hg concentrations in surface waters from
Stordalen Mire. Analytical uncertainties are equal to or smaller than symbols. Detection limit
0.2 ng L-1.
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Figure 4.5 Annual and seasonal variations in a.) MeHg concentrations and b.) %MeHg from total
Hg in surface waters from Stordalen Mire. Detection limit for MeHg is 0.006 ng L-1.
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4.5 Discussion

4.5.1 Hydrologic framework of Stordalen Mire

Strontium isotopes can be a useful tool for understanding differences in water sources,
the connectivity and direction of flow, and the degree of mixture between different water
sources. In Stordalen Mire, lake and stream water Sr isotopes vary as a function of mixing with
precipitation, upland runoff and groundwater and can therefore serve as an independent
evaluation of the hydrologic flow paths identified by Olefeldt and Roulet (2012). For reference
end members in the region, precipitation
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Sr/86Sr values for central Sweden range from 0.710-

0.719 (Aberg et al., 1989). The higher groundwater
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Sr/86Sr result from contact with ancient

bedrock containing elevated Rb/Sr which will be enriched in radiogenic Sr relative to waters that
are dominated by precipitation sources. The lakes demonstrate distinctive and more radiogenic
Sr isotopic signatures, which are consistent with inputs of groundwater, both VS and IH are
partly spring fed (Nilsson, 2006). These higher
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Sr/86Sr are indicative of mixing with a more

radiogenic source and therefore consistent with a spring source.
In the hydrologic flow paths shown by Olefeldt and Roulet (2012) (Figure 4.6) water
flows from VS to the mire, where it mixes with palsa, bog and fen drainage waters. The mire
waters drain into the north flowing stream composed of upland runoff. The stream drains into
MH which is connected to Inre and other lakes via narrow inlets. The strontium isotope
signatures support this model. Showing that the more radiogenic signature of VS is mixed with
the lower signatures of upland flow at thaw pond H, further corroborating the hydrological
connectivity of this thaw pond. The roadside stream signature, representative of pre-fen flow, are
the least radiogenic of the waters analyzed and stream water signatures increase in the section
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assumed to be draining the mire. Sr isotope signatures are lower for MH and IH compared to VS
suggesting that VS is more isolated from upland runoff inputs and/or has a larger proportion of
water sourced from deeper groundwater.
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Sr/86Sr increases from the stream to MH and again

from MH to IH in agreement with the groundwater contribution to IH. Sr isotopes independently
verify and are consistent with the hydrologic flow paths constructed from 2007-2009 by Olefeldt
and Roulet (2012).
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Figure 4.6 Spatial distribution of 87Sr/86Sr isotope signatures across Stordalen Mire surface
waters. Parenthetical values denote standard deviation around the sample mean for multiple
sampling episodes. Base map is QGIS google earth satellite imagery. Blue arrows denote lake
water flow paths and orange arrows denote palsa and bog drainage flow paths determined by
Olefeldt and Roulet (2012).
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4.5.2 The role of carbon in lake sediment Hg cycling

The association of Hg and carbon is well established, and Stordalen Mire also reveals this
relationship. Strong correlations (r2 > 0.7) were found between HgT and TOC, total nitrogen (N)
and total sulfur (S) across sediments from all three lakes (Figure 4.7). C/N shows that these lake
sediments contain signatures primarily of aquatic origins with very little terrestrial input (Wik et
al., 2018) implying that Hg released from the mire may ultimately be primarily complexed with
autochthonous C compounds once deposited in lake sediments (Figure 4.8).

Figure 4.7 Lake sediment total Hg shown (same y-axis for a-c) versus a) total organic carbon, b)
nitrogen and c) sulfur across all lakes and cores in this study. The p values for all three linear
regressions were < 0.001.
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Figure 4.8 Total Hg vs. C/N across Stordalen Mire. In addition to lake sediments from this
study, shaded fields including palsa (brown), bog (green) and fen (blue) represent ranges of
values from peat sources from Fahnestock et al., 2019.
The ratio of µg of Hg to g C-1 (RHgC) has been used, in part, to model the amount of Hg
stored in permafrost soils throughout the Arctic (Schuster et al., 2018), the limitation being that
for C concentrations greater than 10% this relationship has large uncertainties. However, when
Hg and organic C both are well constrained, it is a useful approach to evaluate whether levels of
Hg present are a function of changes in carbon or excess Hg. When considering all lake
sediments, the median RHgC was 0.26 ± 0.23 (Figure 4.9). VS RHgC are similar until ~30-40 cm,
below which the ratios increase and are more variable. The 30-40 cm sediment depth is also
where TOC decreases and the cores transition from peat rich sediment to more mineral sand, silt,
clay composition. These deeper, lower organic content sediments are most likely indicative of
the more lithogenic sediments that form the basement of the lake (Kokfelt et al., 2010; Wik et al.,
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2018). The cores from the shallower sections of both IH and MH have similarly higher RHgC
relative to their corresponding deeper lake section cores. Shallow areas could indicate areas of
higher C accumulation and/or sedimentation as well as areas where aquatic vegetation may be
accumulating Hg and over time accumulating in sediment. The deeper section of IH has
significantly lower ratios compared to the deeper section of MH and because at this depth TOC
is actually lower in MH than IH. It is plausible that the connectivity of MH to the fen draining
stream provides a steady source of terrestrially derived Hg that is deposited and accumulated in
MH sediments.

Figure 4.9 Lake sediment profiles of total Hg to total organic carbon ratios.
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4.5.3 Hg stocks in Stordalen Mire

The stocks of HgT were evaluated for each lake by considering the dry bulk density and
calculating the HgT pool per m-2 in the top 40 cm. The lake sediment Hg stocks are compared
with the palsa, bog and fen Hg stocks from Fahnestock et al. (2019) in Figure 4.10. The top 40
cm were selected as they correspond both to where the highest concentrations of Hg can be
found but also with the active layer depth of the mire. The Hg stocks show that VS has a
comparable Hg pool to both the fen and the deep section of MH. The shallow section of MH
contains more Hg than the rest of the lakes and mire. This pattern may be indicative of Hg
transported from the fen via the mire stream and deposited in the shallow section of MH. Both
shallow cores from IH and MH showed consistently higher Hg pools. Aquatic vegetation
growing in the shallower regions of IH and MH could contribute to enhanced Hg storage. IH,
located farthest from the fen, shows the lowest Hg pool (in both shallow and deep cores) when
compared to the other lakes. Were organic carbon alone to explain the amount of Hg stored
across these sediments, then IH, with higher organic carbon content than MH, would be expected
to have the higher Hg concentrations. Rather, MH both in the shallow and deep regions stores
more Hg in the sediment. It is possible that small lakes in series connected by narrow outlets and
small streams may be acting like a deposition network that retains significant amounts of Hg and
limits transport further downstream.
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Figure 4.10 Total Hg stocks calculated from dry bulk density corrected concentrations for the
top 40 cm of peat or lake sediment. M’ and P’ denote transects across Villasjön (VS). Mellarsta
(MH) and Inre (IH) are further subsampled for sediments overlain by shallow and deep (> 5 m)
water depths. The palsa, bog and fen are reported in Chapter 2 and Fahnestock et al. (2019),
error bars for the three mire sites represent the 1SD from the mean of three cores taken at
each site. The error bars for VS M’ and VS P’ represent the 1SD from the mean of 6 cores at
each site. Only one core was taken at each of the MH and IH sites, therefore the 1SD analytical
uncertainty in Hg.

4.5.4 Transport of MeHg and total Hg via DOC

While the amount of Hg stored in sediments is useful for understanding the capability of
an ecosystem to retain Hg, the concentrations of both HgT and MeHg in the surface waters are
critical to understand Hg mobilization and whether Hg poses a threat to the overall ecosystem
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health. Since DOC and POC are thought to be important modes of MeHg transport in aquatic
environments, the relationships between DOC, POC, MeHg and total Hg are shown in Figures
4.11 and 4.12 for the July 2018 water samples. Concentrations of MeHg correlate strongly with
DOC (r2 0.86; p-value 0.008) and to a lesser degree with POC (r2 0.48; p-value 0.13; Figure
4.11). Similar patterns are evident with HgT and DOC (r2 0.6; p-value 0.72) and HgT and. POC
(r2 0.2; p-value 0.4) but with much weaker correlations (Figure 4.12). The highest concentrations
of MeHg, HgT, DOC and POC were all measured between the stream and MH.

Figure 4.11 Surface water MeHg concentrations versus (a.) dissolved organic carbon (DOC) and
(b.) particulate organic carbon (POC) from samples collected July 2018. Sample identifiers are
V.1 = Villasjön; Fen = behind auto chamber Fen site; S.1 = Stream; SM.1 = Stream close to
Mellersta inlet; M.1 = middle of Mellersta Harrsjön; I.1 = middle of Inre Harrsjön.
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Figure 4.12 Surface water Total Hg concentrations versus (a.) DOC and (b.) POC from samples
collected July 2018. Same sample codes as Figure 4.11.

4.5.5 Annual and Seasonal Variations in Surface Water Total Hg and MeHg

Variations in concentrations of Hg and MeHg throughout the growing season and on an
interannual basis provide a more complete, temporally bound understanding of Hg cycling.
Based on sampling from July 2018 and July 2019, there is the indication that concentrations of
total Hg in waters vary between years (Figure 4.4). For the three sampling dates in the 2019
growing season, total Hg is highest in June and then decreases over the summer (Figure 4.4). The
true seasonal peak of total Hg may in fact have occurred even earlier in the season during the
spring thaw, mid to late May. On a spatial basis, IH had the lowest total Hg concentrations
followed by VS and MH and finally the stream. These findings suggest that the fen is likely a
source of Hg to MH and that MH serves as a sink for Hg limiting transport to other lakes in
series or downstream from the mire. The Hg whether MeHg or inorganic Hg bound to POC is
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more likely to be deposited from the water column closer to the source and be retained within
MH. Both organic carbon forms (DOC, POC) decrease substantially in Inre so either the MH
waters mix poorly with Inre and/or the DOC is degraded or deposited. Consequently, any bound
MeHg or inorganic Hg would also be immobilized and accumulated into the sediments. IH
waters and sediments do not appear to have additional sources of either dissolved organic matter
or Hg as indicated by the very low Hg forms and organic C forms measured in the waters and
corresponding to the sediment.
MeHg concentrations also vary between July 2018 and July 2019 (Figure 4.5a). Unlike
total Hg which appears to peak early in the season, the MeHg findings suggest that MeHg
concentrations may peak around July. This pattern may be due to an offset between the Hg
accumulated in snow and flushed out with the spring thaw and the MeHg generated by microbes
which may reach their peak productivity mid-season during peak growing season temperatures.
These results also show sediment Hg concentrations may not necessarily reflect the
amount of total Hg and MeHg in surface waters, and rather likely reflect inter-lake physical,
chemical and even biological characteristics. VS has the highest concentration of Hg in surface
sediments, but, like IH, has very low MeHg and the second lowest total Hg surface water
concentrations. Since VS is uniformly shallow in depth it is possible that production of MeHg
could be photo-demethylated by light penetrating the full length of the water column and evaded
to the atmosphere as gaseous Hg enhanced by wind mixing, this mechanism will be explored
further in Chapter 5.
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4.5.6 Integrated conceptual model of Hg cycling in Stordalen Mire

The new findings suggest that Hg cycling in thawing peatlands will be influenced by
future climatological patterns that drive the hydrological conditions of this ecosystem. If the
environment continues on trend with permafrost loss and increasing the distribution of sedgedominated fens (Palace et al., 2019) that are hydrologically connected to streams and lakes,
increased total Hg and MeHg discharge are expected for regional watersheds. Whether
significant amounts of either inorganic Hg or MeHg is transported rivers draining into ocean
basins depend on whether a watershed can limit Hg export through physical or chemical
pathways. If conditions favor the increase in expansion of semi-wet, Sphagnum moss dominated
sub-habitat, we may see decreases in MeHg production and export but an increase in gaseous Hg
evasion. Bog sites that are not hydrologically connected like bog at Stordalen Mire may deliver
inorganic Hg to streams and lakes where conditions could be more favorable to methylation than
the bog environment.

4.6 Conclusions

The comprehensive study of surface water and lake sediment Hg concentrations in
Stordalen Mire illustrate the dynamics of both inorganic and organic forms of Hg. This study
provides further evidence in support of DOC associated export of Hg from a thawing peatland.
Seasonal studies, paired with high frequency sampling, are needed to understand fluxes of Hg
during shoulder seasons to allow for a fuller assessment of changes in long-term Hg processing
across these landscapes. This work also shows that lake sediments can store varying amounts of
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Hg and how abundance of total Hg in sediments are not necessarily linked with aqueous Hg
concentrations in overlying waters or with total organic content of sediments.
The high density of lakes in the Arctic region and likelihood of thermokarst pond
formation and wetland expansion with continuing permafrost thaw may result in Hg
accumulation in lake sediments. However, any apparent gains with this sequestration as an Hg
sink may be offset by the increased potential MeHg formation associated with warming and
microbial community shifts. Such increased net methylation would thereby increase the Hg
exposure to local fauna and local peoples dependent on aquatic resources.
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CHAPTER V

LAKE SEDIMENT MERCURY STABLE ISOTOPES HIGHLIGHT VARIABILITY IN
LAKE SEDIMENT MERCURY CYCLING FROM MULTIPLE POST-GLACIAL LAKES IN
STORDALEN MIRE, SWEDEN

5.1 Abstract

In Arctic peatlands, climate change is driving large-scale ecosystem perturbations that
include permafrost thaw, deepening of the active layer, increasing greenhouse gas emissions,
shifts in vegetation distributions and increasing microbial activity. As integral parts of these
ecosystems, lakes are also responding to change with documented increases in lake temperatures,
methane production and carbon accumulation. In addition to storing large amounts of carbon (C),
lake sediments have been shown to serve as a long-term storage reservoir for mercury (Hg).
Arctic lakes are abundant, in particular glacial and post-glacial lakes, and vary in composition,
surface area and depth. Understanding how different lakes process and store Hg provides
understanding about the fate of Hg in these ecosystems. In this chapter, these considerations are
explored through the use of stable isotopes of Hg in lake sediments from three post-glacial lakes
in Stordalen Mire, a watershed experiencing permafrost thaw.
Lake sediment Hg isotopic signatures ranged from -1.66 ‰ to -0.65 ‰ in δ202Hg. These
values are within the range reported for the mire sub habitats in Chapter 3, suggesting that Hg
previously deposited in the mire may be exported and stored in these lake sediments. Odd
isotopes of Hg range from -0.52‰ to 0.04‰ for Δ199Hg and from -0.49‰ to -0.12‰ for Δ201Hg.
The shallow lake, Villasjön (VS), consisting of a thick surface layer of organic rich gyta, has the
largest range in odd-Hg isotopes. The Δ199Hg/Δ201Hg slope suggests a combination of photo
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demethylation and dark abiotic reduction could be important processes in Hg cycling in VS.
These findings confirm stable Hg isotope signatures can be a useful tool for identifying different
Hg sources to lake sediments as well as understanding how different lake characteristics
influence Hg cycling in the Arctic.

5.2 Introduction

Lake sediments across the globe have recorded the increase in atmospheric deposition of
anthropogenic Hg and testify to a 3-5-fold increased load coincident with the start of the
Industrial Revolution (e.g., Engstrom et al., 2014; Fitzgerald et al., 2018). Hg isotopes provide an
independent check on those interpretations as they can track changes in atmospheric sources
(e.g., Lepak et al., 2020). From the years 1775-2015 Lepak et al. (2020) reported increases of
0.22 ± 0.07 ‰ in δ202Hg, 0.2 ± 0.03‰ in Δ199Hg and 0.03 ± 0.01 ‰ in Δ200Hg from lake
sediments associated with increased anthropogenic Hg deposition across North America.
In higher latitudes, detailed work is less common. In a thawing peatland with associated
DOC export from all three sub habitats (Olefeldt and Roulet, 2012) Hg export is recorded in the
sediments of downstream lakes (Rydberg et al., 2010 and Chapter 4). Lake sediments are known
to be sites for microbial production of MeHg (e.g., Gilmour et al., 1992, 1998; Mason et al.,
1999). Microbial methylation selects for lighter Hg isotopes, so the resulting MeHg is depleted in
δ202Hg and reflects only MDF. Microbial demethylation also selects for the lighter isotope, so it
drives the remaining MeHg pool to more positive values. The photodegradation of MeHg to Hg0
in the presence of organic matter has been shown to produce a Δ199Hg/Δ201Hg ratio equal to 1.34
± 0.04 (1SE) (Bergquist and Blum 2007). Aqueous photochemical demethylation of MeHg and
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aqueous photochemical reduction of Hg2+ both lead to significant MIF due to the magnetic
isotope effect (MIE) and will result in more enriched Δ199Hg and δ202Hg values (Bergquist and
Blum, 2007; Zheng and Hintelmann, 2010). Since photochemical degradation of MeHg selects
the lighter isotope for degradation, the subsequent evasion leads to a reservoir of MeHg that is
enriched in Δ199Hg. Photochemical reduction of snow in the presence of halogen compounds has
been shown by a Δ199Hg/Δ201Hg slope of 1.07 ± 0.02 (1SE) (Sherman et al., 2010) that results in
snow with significantly negative odd-MIF and this process is thought to be most important in
coastal Arctic regions (Douglas and Blum, 2019). Strongly negative MIF in lake sediments is
rare; a compilation of values for ocean and freshwater sediments finds Δ199Hg 0.01 ± 0.15‰ for
n = 436 (Blum, Sherman and Johnson, 2014). Such observations led Lepak et al. (2020) to
suggest that the Δ199Hg values ranging from -0.79 to -0.38‰ of a coastal lake in Newfoundland
could be explained by photochemical reduction of snow in the presence of halogens.
Another process that has been shown to produce significant MIF is abiotic reduction of
Hg (II) by organic matter. This process is attributed to nuclear volume effect (NVE) instead of
MIE and is expected to result in smaller MIF. Jiskra et al.(2019) demonstrated this source of
fractionation might be influential in boreal forest Histosols from northern Sweden.
As demonstrated in Chapter 3, stable Hg isotopes record both sources and processes that
influence Hg cycling in the environment. Work discussed in Chapter 2 focused on identifying the
major sources and processes in the terrestrial sub habitats of the thawing peatland. This chapter
builds on Chapter 4 Hg abundance data and employs Hg isotopes to identify the major processes
and sources recorded by and in lake sediments. To do so, the different Hg contributions and
biogeochemical processes that contribute to Hg cycling in these lake ecosystems are evaluated.
Critical processes include (1) changes in anthropogenic sources evidenced by changes in the
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stratigraphic record, (2) photochemical reduction, (3) fluvial inputs, and (4) intra-lake
methylation and demethylation.

5.3 Methods

Study site and lake sediment sampling descriptions are provided in Chapter 4 (Figure
4.1). A subset of the lake sediment cores were subsequently analyzed for stable Hg isotopes
following the methods outlined in Chapter 3 (standard reference materials reported in Appendix
B.3). Mercury abundance data for samples studied for isotope signatures are provided in Table
C.1.

5.4 Results

Mercury isotope results from lake sediment cores showed variations in both MDF and
MIF given by δ202Hg, Δ199Hg and Δ201Hg (Table 5.1). The δ202Hg values for all sediment
samples were -1.66 ‰ to -0.65 ‰ (Figure 5.1a). Villasjön, shows little to no change in MDF
with depth and δ202Hg values are consistently in the range of the mire peat range reported in
Chapter 3. Sediments from both Mellersta Harrsjön (MH) and Inre Harrsjön (IH) are more
enriched in MDF relative to VS. The odd-MIF isotopes ranged from -0.52‰ to 0.04‰ in Δ199Hg
and from -0.49‰ to -0.12‰ in Δ201Hg (Figure 5.1b). Mellersta and Inre sediments are
consistently more depleted Δ199Hg and Δ201Hg relative to Villasjön (Figure 5.1b). Inre shows the
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least amount of variation with depth in both MDF and MIF. While both VS and MH show a shift
towards more enriched odd-MIF signatures towards the surface of the sediments.
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Figure 5.1 Depth profiles of (a) MDF (δ202Hg) (b) MIF (Δ199Hg) of the three study lakes. Fields for
the mire vegetation are denoted by brown, green and light blue shaded ovals and mire peat
range marked by yellow shaded region. Shallow lake Villasjön was cored across a methane
ebullition gradient from high ebullition (closed red circles) to low ebullition (open down
triangles and the mid-range captured between (filled red down triangles and open pink circles).
The gray square field is the range in gaseous elemental mercury (GEM) measured in Alaska by
Obrist et al., (2017). The error bars in the bottom left corner are the 2σ external uncertainties in
both MIF and MDF measurements. c) Data for depth profiles of total carbon and d) C/N for the
three lakes are from Wik et al. (2018).
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5.5 Discussion

5.5.1 Lakes in close proximity bear distinctive Hg isotope signatures

Depth profiles for all three lakes indicate that the relative accumulation of Hg from
different sources and/or processes varies across each lake (Figure 5.1). These differences are
interpreted as representing a difference in relative mire Hg contribution to lake sediment Hg. The
history of VS shows is interpreted as a lake that formed over a terrain that was a peatland
established on glacial deposits (Kokfelt et al., 2010). Therefore, it is reasonable to assume that its
primary source material should be similar to mire vegetation MDF signature. The more enriched
MDF in Inre and Mellersta may result from mixing of Hg among different sources. The mire
drains into a series of lakes that are connected via narrow inlets, so the Hg in those sediments is
likely a combination of atmospheric inputs, surface water discharge and groundwater inputs.
While VS has a low abundance of submerged aquatic vegetation, MH and IH are dominated by
different species of macrophytes (Wik et al., 2011; Stilson et al., 2014; Horruitiner, 2015), both
of which may contribute to sediment accumulation Hg. It is important to note that isotopic
signatures of submerged aquatic vegetation are poorly constrained but may differ from terrestrial
vegetation.

5.5.2 Stordalen lakes record large negative MIF

The magnitude of the MIF observed across all three lakes exceeds the range reported for
most published sediments in the literature (Blum, Sherman and Johnson, 2014). MIF values
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smaller than -0.2 ‰ in Δ199Hg and Δ201Hg are less common. Lakes that have reported these large
MIF signatures were also located in Lake Ballinger WA, USA (Gray et al., 2013) and
Nefoundland (Lepak et al., 2020).
Such distinctively large negative MIF associated with negative MDF signatures (Figure
5.2) may have multiple possible explanations. Significant input of terrestrial Hg could account
for the strong depleted values observed for all three lakes. Most of the lake sediments in this
study fall in the range of values reported from the terrestrial mire samples studied in Chapter 2
(Figure 5.2).
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Figure 5.2 MIF (Δ199Hg) with variation in MDF (δ202Hg) of lake sediment cores from three lakes
in Stordalen Mire. The yellow rectangle represents the range in MIF and MDF Hg isotope
signatures measured in the mire (Chapter 2). Shallow lake VS was cored across a methane
ebullition gradient from high ebullition (closed red circles) to low ebullition (open pink circles)
and the mid-range captured between (open red circles and closed pink circles). The error bars
in the bottom left corner are the 2 sigma external uncertainties in both MIF and MDF
measurements. 1The gray square denotes the range in gaseous elemental mercury (GEM)
measured in Alaska by Obrist et al. (2017).

An alternate explanation for the strongly negative MIF values could be the incorporation
of Hg derived from Arctic snow with the signature of photochemical reactions halogen
compounds. In Chapter 3, this mechanism was plausible based on the Δ199Hg/ Δ201Hg slope of
the palsa and fen. The same approach for evaluating the Δ199Hg/ Δ201Hg slope for the mire sites
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was implemented for the lake sediments (see section 3.4.4 for methods). However, the mean
slope for Δ199Hg/ Δ201Hg across all sediments was 1.41 ± 0.09 (1σ) (Figure 5.3) and was
leveraged by most of the Villasjön samples from the shallow portion of the cores ~ 10-15 cm.
Since photoreduction of Hg2+ would be indicated by a slope between 1.0 and 1.3 depending on
the Hg/DOC (Zheng and Hintelmann, 2009), the steeper slope suggests that this process alone is
not sufficient to explain these Hg isotopic signatures.

5.5.3 Shallow Arctic lakes may mitigate MeHg levels via aqueous photo demethylation

Deeper sediments from VS bear Hg isotope signatures similar to MH and IH, but shallow
VS samples demonstrate a greater range in odd-MIF isotopes and are offset from all other
sediments along a slope of 1.41 ± 0.09 (1σ) (Figure 5.3). This higher slope is within the reported
uncertainty of both photo demethylation of MeHg and dark abiotic reduction of Hg2+ by organic
matter. Low surface water MeHg contents measured in July 2018 and 2019 imply very low
MeHg concentrations in the water column at peak growing season (Chapter 4). One possible
explanation is that near-surface sediments could be experiencing in-situ photochemical
demethylation of MeHg. Such demethylation would result in MeHg in sediment more enriched
in MIF isotopes. These shallow sediments warm during the growing season and microbial
activity produces methane released to the atmosphere through ebullition (Wik et al., 2013).
Methane-producing microbes can also carry the Hg-methylating genes (Gilmour et al., 2013; Yu
et al., 2013; Podar et al., 2015). Surface water Hg isotope signatures and microbial community
and gene expression would help to further constrain this hypothesis.
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Another possible explanation for the observed isotopic data could be dark abiotic
reduction of Hg2+ by dissolved organic matter. Given the abundance of organic matter in the top
40 cm of the VS sediments, which is interpreted to be submerged peat, there is likely sufficient
dissolved organic matter for this reaction. The distinctive Hg isotopic signatures suggest that
both demethylation and dark abiotic reduction may be important controls on Hg cycling in high
organic content shallow lakes.

(a)

(b)
Figure 5.3 a.) Modeled range of possible Δ199Hg and Δ201Hg values for palsa (brown), bog
(green) and fen (blue) using the 1SD from NIST SRM Almaden 8610 for Δ199Hg and Δ201Hg to
model upper and lower limits, output is constrained to empirical data range. b) Box and whisker
plot for modeled Δ199Hg/ Δ201Hg slopes for palsa, bog, fen, and lakes.
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5.5.4 Carbon-rich, shallow lake Villasjön suggests incorporation of anthropogenic Hg into
previously deposited peat

VS sediments are characterized by a large shift in MIF, from more negative to more
positive values towards the surface sediments. The enrichment in odd isotopes towards the
surface of VS also coincides with an increase in total Hg concentration towards the surface
sediments (Chapter 4). Rydberg et al. (2010) cored Inre Harrsjön and combined with

210

Pb

chronology found near-surface sediment enrichments to be associated with increases in
atmospheric deposition from anthropogenic sources. The top 3 cm of VS give 14C ages between
1,220-1,290 years BP (J. Chanton Pers. Comm). Though the surface sediments pre-date the
Industrial Revolution, Hg concentrations > 80 ppb are likely too elevated to be pre-industrial.
Additionally, Hg isotope values that are increasingly positive in upper sediments suggest an
input of more anthropogenic sources Hg. Such findings are interpreted to imply that Hg origins
changed over the time during the deposition and could be explained as either direct atmospheric
inputs or as a result of Hg reallocation from the thawing peatland. Interestingly, however, it is
apparent that old carbon can accumulate more modern Hg. One sample at ~ 35 cm sediment
depth from the low ebullition core is more enriched in Δ199Hg and Δ201Hg relative to other
samples at the same depth. Such a result could be explained as a manifestation of bioturbation, a
reasonable explanation given that the top 40 cm sediment bears a lower bulk density, and any
type of disturbance could bring near surface Hg deeper into the profile.
MH also shows a similar pattern towards more positive odd-MIF values near the surface
of the sediment, though they are of lower magnitude than VS. The shift towards more enriched
odd-MIF values coincides with higher Hg concentrations near the surface. This trend is not
observed in the IH core, which is surprising since we would expect atmospheric deposition to be
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important across all the lakes, however, this highlights that accumulation of Hg is a complex
phenomenon. Total Hg stocks calculated in Chapter 4 showed that Inre had the lowest Hg stock
compared to VS and MH. The total Hg concentrations reported for the two cores in IH from
Chapter 4 are also lower than the values reported from a different core in Inre by Rydberg et al.
(2010). This pattern suggests that there is likely intra-lake variability that may be attributed to
heterogeneity in sediment accumulation rates, presence of aquatic vegetation and or grain size
distribution.

5.6 Conclusions

New Hg stable isotope data from lake sediments in a thawing discontinuous permafrost
ecosystem suggest the three lakes differ in the relative accumulation of Hg in sediment from the
mire, runoff and atmospheric sources. MH shows a greater input of mire-derived Hg relative to
IH, consistent with surface water MeHg and Hg export measured during the growing season in
Chapter 3. Inre Hg isotopes vary the least across depth and are distinctive from the thawing mire.
Both MH and VS show a shift towards more enriched odd-MIF signatures that may be associated
with an increase in anthropogenic atmospheric Hg deposition consistent with interpretations of
Rydberg et al. (2010). The Δ199Hg/Δ201Hg slope in VS samples suggest a different process is
producing significant MIF in VS. This is interpreted to be a manifestation of the shallow water
depth, which is more conducive to photo demethylation, and organic-rich sediments that may
host dark abiotic photo-reduction reactions.
Taken together, these results demonstrate how different lake sediments can vary both in
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their ability to retain Hg but also in the pathways and sources that control the fate of the Hg.
Stable isotopes of Hg provide means of assessing which lakes have greater potential for
accumulation or demethylation or influence of atmospheric Hg inputs. Accordingly, they may be
an important resource for assessing and mitigating potential Hg exposure to wildlife and the
people who rely on consumption of fish and other predators in this region. Such large variations
in Hg abundance, sources and methylating and cycling processes across the three post-glacial
lakes within one watershed highlight the need for increased, comprehensive studies of both
spatial and temporal Hg cycling in Arctic lakes.

Figure 5.4 Conceptual diagram of Arctic wetland lakes, shallow lakes (top panel) and deeper
lakes (bottom panel).
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APPENDIX A: CHAPTER 1 SUPPLEMENTARY MATERIALS

A.1 Autochamber TGM Flux Measurements

Nine chambers evenly distributed across three site types: palsa (hummock), bog (semithawed Sphagnum-dominated) and fen (fully thawed) (Bäckstrand et al., 2008), were sampled
throughout the day for three days. We assumed TGM measured by the Tekran 2537b to be
mostly gaseous elemental Hg (GEM) (Obrist et al., 2017). TGM flux measurements were made
by manually plumbing the sample line of the 2537b Tekran to individual chambers. The Tekran
2537b obtained a reading every five minutes. Readings of TGM were taken at five-minute
intervals for the first 15-20 minutes with the chamber open to establish a baseline for each flux
measurement. The chamber was then closed for a maximum of 20 minutes (to avoid stressing the
vegetation within the chambers). A steady state plateau for the TGM signal plateau was reached
after 15 minutes. After the closed chamber measurements were taken, the lid was opened and
TGM levels observed to return to pre-chamber closure values (Figure A.1). This last step served
to minimize any cross contamination upon switchover to the next chamber. The Tekran 2537b is
equipped with two cells for taking measurements of the Hg flux, the values reported in Table A.1
are an average of the steady state approximations made from two independent curves derived
from each of the cells (Figure A.1) and the error bars represent the difference between the flux
calculated from the two cells. A baseline average was obtained for cell A and cell B with the
chamber lid open and a steady state average was obtained for cell A and cell B with the chamber
lid closed. The TGM flux from either cell A or B were then given by Equation S-1:
FTGM = (SS MeanTGM – Baseline MeanTGM) * R * 1 / A
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(Eq. A-1)

where R is the sample flow rate (0.005 m3/min) of ambient air from outside of the chamber and
A is the area of the chamber (0.17845 m2). SS MeanTGM is the mean of steady state TGM
readings with the chamber lid closed. The TGM flux values calculated from cell A and B for any
given chamber were then averaged and reported in ng m2 h-1. Air temperature and PAR
measurements are from the Abisko weather station, located 11 km from the Stordalen mire site
(retrieved from http://polar.se/abisko, Abisko Weather Station Data, 2017).
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Figure A.1 Visual presentation of manual auto-chamber TGM flux measurements, in this case
Bog site chamber 6. Vertical dotted lines indicate change in chamber lid position as annotated.

A.2 Continuous TGM Measurements

Following the auto-chamber TGM measurements additional continuous TGM
measurements were conducted with the Tekran 2537b to capture any long-term changes in TGM
over the remainder of the growing season. Continuous measurements were made adjacent to the
auto-chamber sampling sites (~ 2 m away), ~0.3 m above ground cover from July 27 through
September 16, 2013 (Figure A.2). The sampling location rotated among the palsa, bog and fen
sites by moving the sampling cone every 2-3 weeks (denoted by corresponding color changes in
Figure A.2). Continuous measurements were made on five-minute intervals. Sample flow rate
was 1.0 l min-1. The internal permeation source calibration utilizing NIST traceable standard was
set to calibrate the unit automatically every three days. The gaps in measurements indicate

104

periods of time when the instrument lost power and was unable to be reset remotely (Figure A.2).
Over this period, TGM ranged from 0.09-1.97 ng m-3, with a mean of 1.13 ± 0.16 ng m-3. These
values are comparable to those measured at Pallas, Finland (67.97° N, 24.12°E), a European
Monitoring and Evaluation Program (EMEP) station (Munthe et al., 2007), located at similar
latitude, but 229 km east southeast of Abisko, Sweden. The similar maximum TGM values from
both sampling methods rule out potential contamination from the auto-chambers. The values also
highlight the importance of auto-chamber flux measurements in capturing the differences in net
evasion/deposition across the evolving sub-habitats.

Figure A.2 Continuous TGM measurements at Stordalen Mire for July 29-Sept 16, 2013. The
sample line was moved across different sites: palsa (brown squares), bog (green triangles), fen
(blue diamonds).
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A.3 Peat Sampling, Analysis and Hg Pools Calculations

Peat cores were subsampled in July 2013. Three cores were taken at each of the three
habitat types along the permafrost thaw gradient in 5 cm increments from the surface. The
middle of the core was sampled for Hg in order to avoid sampling any material that may have
contacted the coring device. The limit on the depth of the palsa cores was the active layerpermafrost boundary, ~44 cm from the surface. Samples were freeze-dried prior to analysis.
Total Hg measurements from nine cores were made via thermal decomposition,
amalgamation/atomic absorption spectrophotometer (TDA/AAS) with the Milestone DMA-80
Direct Mercury Analyzer (Milestone, Microwave Laboratory Systems, Shelton, CT), at Syracuse
University following US EPA Method 7473. The peat cores were also analyzed for total carbon
(C), nitrogen (N) and sulfur (S) contents using the CNS analyzer at the University of New
Hampshire (Durham, NH). (See Table A.2 Total Hg, C, N, S in Stordalen Mire Peat cores from
July 2013). Coupling of the C, S, and Hg cycles elucidates the fate of Hg across the thaw
sequence. The palsa and the bog sites contained similar total C concentrations, ranging from
~400 to 550 g kg-1 of dry soil (Figure A.3). The fen site contained similar C concentrations at the
surface (0-15 cm) (~460 g kg-1), but dramatically decreased (60-170 g kg-1) at depth 20-60 cm
due to carbon dioxide (CO2) and methane (CH4) loss to the atmosphere and dissolved organic
carbon (DOC) export to the hydrosphere (Christensen et al., 2004; Hodgkins et al., 2016). Palsa
and bog atomic C/N fall within 1σ, but significantly lower fen C/N implies the fen site is not
simply a palsa site that has been subsequently submerged (Table A.2).
Estimates of Hg pools over the three sub habitats were made by calculating mean Hg core
values from each of the three cores at each of the three sites. Then multiplying dry peat mass
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(dry bulk density * thickness of section) (kg m-2) by total Hg values (mg g-1) for each of the
sampled depths. Finally, taking the sum for each section. This provides the total Hg in the top 40
cm of soil for each site: palsa ~ 2.7 mg m-2, bog ~ 1.4 mg m-2 and fen ~ 4.7 mg m-2. Bulk
densities were determined by Brittany Verbeke and Rachel Wilson from Florida State
University.

Figure A.3 Peat Hg, C and S from each of the three sub habitats representative of a permafrost
thaw progression at Stordalen Mire Abisko, Sweden. Symbols denote palsa (brown squares),
bog (green triangles) and fen (blue diamonds). 1 sigma analytical uncertainties denoted with
error bars.

Figure A.4 Total Hg vs. C, N and S in peat cores from palsa, bog and fen sites. Linear regressions
shown for each site. 1sigma analytical uncertainty denoted with error bars. Palsa (brown
squares), bog (green triangles), fen (blue diamonds).
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A.4 Peat Pore Water Sampling and Methyl Mercury Analysis

Porewater sampling for MeHg was conducted prior to peat core sampling. The Teflon
pore water sampling devices were acid-cleaned prior to use. A new and clean device was used
for each of the sites. Teflon vials (40 mL) were used for pore water sampling at the bog and fen
sites. Sample vials were cleaned in 65–75°C with 50% trace metal grade nitric acid for 12 hours,
then triple rinsed and cleaned in 30 % trace metal grade hydrochloric acid bath for 12 hours,
triple rinsed with 18 Megaohm water and then dried under laminar flow in a clean lab
environment. Porewater sampling was performed with an acid-cleaned Teflon apparatus inserted
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into the peat. The apparatus was flushed prior to each sample and the first 10 ml of sample
discarded after conditioning the sample vial. Samples were acidified in the field with ultra-pure
to 1% hydrochloric acid and stored long term in cold/dark until analyzed for MeHg.
Measurements of MeHg were made via aqueous ethylation with sodium tetraethylborate, purging
and trapping, adsorption and desorption, separation by a GC (Clarus 500, Perkin Elmer, CT),
reduction by a pyrolytic column, and detection by a cold vapor atomic fluorescence spectroscopy
(TEKRAN Model 2500, TN) modified from EPA Method 1630 (EPA, 2001) at Syracuse
University. Porewater MeHg data can be found in Table A.3.
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A.5 Estimating Resident Mercury-Methylating Microbes

Although data for concomitantly sampled microbiota were not available, 127 samples
from 2010-2012 were previously profiled for microbial communities and spanned the active
layer of the same palsa (n=38), bog (n=47) and fen (n=42) locations as those studied here. The
microbiota were characterized via 16S rRNA amplicon sequencing (28) (amplicons targeted the
V6-V8 region and were sequenced on a 454 Ti GS (LifeSciences, Carlsbad)). These 16S rRNA
amplicon data were therefore re-analyzed for this study. The raw sequences were downloaded
from the Sequence Read Archive (Accession no. SRA096214), and the sequences were split to
samples according to their barcodes allowing for one mismatch. Low-quality reads containing
N’s, mismatches to primers, average quality score <25 over a 50-base window, and the reads
outside the range of 200 to 800 bases were removed by Btrim program (Kong, 2011). Thereafter,
Uclust (Edgar, 2010) was used to remove chimeras, and to cluster sequences into 97% identical
operational taxonomy units (OTUs), and singletons were removed. A representative sequence
from each OTU was selected for taxonomic annotation by comparison to the full SILVA 128
database which included bacterial, archaeal and eukaryote sequences. Microbial OTUs were
identified as potential Hg methylators based on (a) experimental evidence or (b) presence of an
hgcAB homologue within a genome, for lineages of the same genus (Table A.4).
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Table A.4. Mercury methylators at Stordalen Mire inferred by taxonomic identities of 16S rRNA amplicon sequences

Species

Phylum Firmicutes,
Class Clostridia
Acetivibrio cellulolyticus
Acetonema longum APO1
Clostridium
cellobioparum
Clostridium cellulosi
Clostridium
straminisolvens
Clostridium termitidis

Inference
(experimental
evidence (E)
or presence
of hgcAB
homologue
(H))

Palsa
(n=38 samples)
Reference

Fen
(n=42 samples)

Genus
# of
OTUs

Mean
Relative
Abundance
(MRA) (%)

# of
OTUs

MRA
(%)

# of
OTUs

MRA
(%)

H

1,2,3

Acetivibrio

0

0.00%

0

0.00%

2

0.01%

E

1,2,3,4

Acetonema

0

0.00%

0

0.00%

0

0.00%

Clostridium

9

0.02%

17

###

43

###

Dehalobacter

0

0.00%

0

###

0

###

Desulfitobacterium

0

0.00%

0

###

0

###

Desulfosporosinus

4

0.01%

0

###

6

###

3
3
H

2,3
2,3

Clostridium tunisiense

3

Dehalobacter restrictus
Dehalobacter sp. (6
homologs)
Dehalobacter sp. CF

1,2,3
3
H

1,2,3

Dehalobacter sp. DCA

1,2,3

Dehalobacter sp. FTH1
Desulfitobacterium
dehalogenans
Desulfitobacterium
metallireducens
Desulfitobacterium
dichloroeliminans
Desulfitobacterium sp.
PCE1
Desulfosporosinus
acidiphilus SJ4
Desulfosporosinus
acididurans
Desulfosporosinus
acidiphilu
Desulfosporosinus orientis
Desulfosporosinus sp.
BICA1-9
Desulfosporosinus sp. I2

1,2,3

Desulfosporosinus sp. OT
Desulfosporosinus sp.
Tol-M
Desulfosporosinus
youngiae
Dethiobacter alkaliphilus
AHT-1
Ethanoligenens
harbinense YUAN-3
Peptoclostridium litorale
Pseudobacteroides
cellulosolvens
Syntrophobotulus
glycolicus
Phylum Proteobacteria,
Class
Deltaproteobacteria

Bog
(n=47 samples)

1,2,3,4
E
1,2,3,4
1,2,3
H
1,2,3
1,2,3,4
E
3
1,2,3
1,2,3
H

3
3
1,2,3
3

E

1,2,3,4

E

1,2,3,4

Dethiobacter

0

0.00%

0

0.00%

0

0.00%

E

1,2,3,4

Ethanoligenens

0

0.00%

0

0.00%

0

0.00%

H

3

Peptoclostridium

0

0.00%

0

0.00%

0

0.00%

H

3

Pseudobacteroides

0

0.00%

0

0.00%

0

0.00%

H

1,2,3

Syntrophobotulus

0

0.00%

0

0.00%

0

0.00%
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Deferrisoma camini
delta proteobacterium
MLMS-1
delta proteobacterium
NaphS2
Desulfacinum
hydrothermale DSM
13146
Desulfobacterium
autotrophicum HRM2
Desulfobacterium sp.
BG33
uncultured
Desulfobacterium sp.
Desulfobacter sp. BG8

H

1,2,3

Deferrisoma

0

0.00%

0

0.00%

1

0.00%

H

1,2,3

Desulfurivibrio

0

0.00%

0

0.00%

0

0.00%

H

1,2,3

Desulfatiglans

0

0.00%

0

0.00%

0

0.00%

E

4

Desulfacinum

0

0.00%

0

0.00%

0

0.00%

E

4

E

4

Desulfobacterium

0

0.00%

0

###

0

###

H

1,2,3

E

4

Desulfobacter

0

0.00%

0

0.00%

0

0.00%

Desulfobacula sp. TS
Desulfobulbus
propionicus 1pr3
Desulfobulbus
propionicus MUD
Desulfobulbus japonicus
Desulfobulbus
mediterraneus
Desulfobulbus sp. Tol-SR
Desulfococcus
multivorans
Desulfocurvus vexinensis
Desulfomicrobium
baculatum X
Desulfomicrobium
escambiense
Desulfomicrobium
salsuginis ADR 21
Desulfomicrobium
salsuginis ADR 28
Desulfomonile tiedjei
Desulfonatronospira
thiodismutans ASO3-1
Desulfonatronovibrio
hydrogenovorans
Desulfonatronum lacustre
Desulfonatronum
thiodismutans
Desulfospira joergensenii
Desulfosarcina variabilis
3be13
Desulfotignum balticum
Desulfotignum
phosphitoxidans
Desulfovibrio aespoeensis
Aspo-2
Desulfovibrio africanus
Desulfovibrio
caledoniensis
Desulfovibrio
desulfuricans LS
Desulfovibrio
desulfuricans M8
Desulfovibrio
desulfuricans M9
Desulfovibrio
desulfuricans ND132
Desulfovibrio
desulfuricans subsp.
desulfuricans
Desulfovibrio
alkalitolerans

H

3

Desulfobacula

0

0.00%

0

0.00%

0

0.00%

E

1,2,3,4

E

4
Desulfobulbus

0

0.00%

0

###

8

###

2,3
H

2,3
3

E

2,3,4

Desulfococcus

0

0.00%

0

0.00%

0

0.00%

H

2,3

Desulfocurvus

0

0.00%

0

0.00%

0

0.00%

Desulfomicrobium

0

0.00%

0

###

0

###

1,2,3,4
2,3,4
E
4
4
H

1,2,3

Desulfomonile

2

0.00%

3

0.01%

2

0.01%

E

1,2,3,4

Desulfonatronospira

0

0.00%

0

0.00%

0

0.00%

H

3

Desulfonatronovibrio

0

0.00%

0

0.00%

0

0.00%

Desulfonatronum

0

0.00%

0

###

0

###

1,2,3
H

3

H

2,3

Desulfospira

0

0.00%

0

0.00%

0

0.00%

E

4

Desulfosarcina

0

0.00%

0

0.00%

0

0.00%

H

2,3

Desulfotignum

H

2,3

Desulfotignum

0

0.00%

0

0.00%

0

0.00%

Desulfovibrio

1

0.00%

1

###

8

###

4
1,2,3,4
4
4
4
E
4
1,2,3
4
2,3
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Desulfovibrio intestinalis
DSM 11275
Desulfovibrio
psychrotolerans DSM
19430
Desulfovibrio sp. T2

4
4
4

Desulfovibrio sp. X2
Desulfovibrio
sulfodismutans ThAcO1
Desulfovibrio inopinatus
Desulfovibrio longus
Desulfovibrio oxyclinae
Desulfovibrio putealis
Desulfuromonas
palmitatas
Dethiosulfatarculus
sandiegensis
Geoalkalibacter
ferrihydriticus
Geobacter bemidjiensis
Bem
Geobacter daltonii FRC32
Geobacter
hydrogenophilus DSM
13691
Geobacter metallireducens
GS-15
Geobacter sp. CLFeRB
Geobacter sulfurreducens
PCA
Geobacter bremensis

3,4
4
2,3
H

2,3
3
2,3

E

4

Desulfuromonas

0

0.00%

0

0.00%

0

0.00%

H

3

Dethiosulfatarculus

0

0.00%

0

0.00%

0

0.00%

H

3

Geoalkalibacter

5

0.02%

3

0.01%

4

0.00%

Geobacter

34

0.10%

34

###

67

###

1,2,3,4
1,2,3,4

E

4
1,2,3,4
4
1,2,3
3

Geobacter metallireducens

1,2,3

Geobacter pickeringii

3

Geobacter soli
Geobacter sp. M18

3
H

1,2,3

Geobacter sp. M21

1,2,3

Geobacter sp. OR-1

3

Geobacter sulfurreducens

1,2,3,4

Geobacter uraniireducens
Geopsychrobacter
electrodiphilus
Pelobacter seleniigenes
Pseudodesulfovibrio
aespoeensis Aspo-2
Smithella sp. F21
Syntrophorhabdus
aromaticivorans
Syntrophus aciditrophicus
SB
Phylum Euryarchaeota,
Class
Methanomicrobia
Methanocella arvoryzae
Methanocella paludicola
Methanocorpusculum
bavaricum
Methanofollis liminatans
Methanolobus tindarius
Methanolobus
psychrophilus
Methanomassiliicoccus
luminyensis
Methanomethylovorans
hollandica

1,2,3
H

3

Geopsychrobacter

0

0.00%

0

0.00%

0

0.00%

H

3

Pelobacter

3

0.03%

3

0.03%

1

0.02%

E

1,2,3

Pseudodesulfovibrio

0

0.00%

0

0.00%

0

0.00%

H

3

Smithella

0

0.00%

20

0.15%

55

1.09%

H

1,2,3

Syntrophorhabdus

0

0.00%

12

0.04%

47

0.38%

E

1,2,3,4

Syntrophus

0

0.00%

11

0.10%

39

0.81%

Methanocella

0

0.00%

0

###

0

###

H

1,2,3
1,2,3

H

3

Methanocorpusculum

0

0.00%

0

0.00%

0

0.00%

H

1,2,3

Methanofollis

0

0.00%

0

0.00%

0

0.00%

E

1,2,3,4

Methanolobus

0

0.00%

0

0.00%

0

0.00%

H

1,2,3

Methanolobus

0

0.00%

0

0.00%

0

0.00%

H

1,2,3

Methanomassiliicoccus

0

0.00%

0

0.00%

0

0.00%

E

1,2,3,4

Methanomethylovorans

0

0.00%

0

0.00%

0

0.00%
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Methanoregula boonei
Methanoregula formicica
Methanoregula formicica
SMSP
Methanosphaerula
palustris
Methanospirillum
hungatei
Others
Alkalispirochaeta
odontotermitis
(Phylum Spirochaetes,
Class Spirochaetia)
Atribacteria bacterium
SCGC AAA255-N14
(Phylum Candidatus
Atribacteria)
Candidatus Moduliflexus
flocculans
(Phylum Candidatus
Moduliflexus)
Chrysiogenes arsenatis
(Phylum
Chrysiogenetes, Class
Chrysiogenetes)
Dehalococcoides mccartyi
DCMB5
(Phylum Chloroflexi,
Class Dehalococcoidia)
Leptolinea tardivitalis
(Phylum Chloroflexi,
Class Anaerolineae)
Total mean abundances
per site
# of potential Hgmethylating genera
observed per site
1Parks

1,2,3
H

1,2,3

Methanoregula

1

0.00%

2

###

49

###

1,2,3
H

1,2,3

Methanosphaerula

0

0.00%

0

0.00%

0

0.00%

E

1,2,3,4

Methanospirillum

1

0.00%

0

0.00%

3

0.05%

H

3

Spirochaeta

1

0.00%

12

0.02%

35

0.37%

H

3

Unclassified

0

0.00%

0

0.00%

0

0.00%

H

3

Unclassified

0

0.00%

0

0.00%

0

0.00%

H

3

Chrysiogenes

0

0.00%

0

0.00%

0

0.00%

H

2

Dehalococcoides

0

0.00%

0

0.00%

4

0.02%

H

3

Leptolinea

0

0.00%

0

0.00%

24

0.27%

0.18%
10

et al. (2013), 2Podar et al. (2015), 3Gionfriddo et al. (2016), 4Gilmour et al. (2013)
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0.56%
11

7.15%
18
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Table C.1 Total Hg in sediment cores from Stordalen Mire

Site

Core ID

Depth
(cm)

Sediment Total Hg
(ng g-1)

±

THg/1TOC
(µg Hg g C-1)

Villasjön

VP-1

1

76.0

1.1

0.3

3

77.7

0.2

5

78.2

2.8

7

75.6

0.0

9

72.0

0.6

11

67.4

1.0

13

66.1

2.3

15

60.2

0.3

17

61.2

2.0

19

62.3

0.8

21

62.7

4.1

23

66.7

6.8

25

79.2

0.2

27

77.2

6.0

118

0.3

0.2

0.2

0.3

0.5

Villasjön

VP-2

29

45.9

0.7

31

38.0

1.9

33

26.0

0.5

35

13.5

1.1

37

20.2

2.0

39

14.1

0.7

41

11.7

0.1

43

8.0

0.6

45

6.8

0.1

1

80.1

1.3

3

77.6

0.6

5

83.4

1.2

7

86.2

0.8

9

78.7

0.3

11

69.5

2.2

13

67.1

0.0

15

64.6

2.9

17

65.6

0.4

119

0.2

0.1

0.3

0.3

0.3

0.2

1.0

19

67.8

0.4

21

63.6

2.9

23

67.9

4.7

25

47.8

2.6

27

42.3

2.8

29

27.2

0.7

31

25.7

0.3

33

28.0

2.9

35

33.9

1.9

37

16.5

1.1

39

13.0

0.8

41

9.6

0.3

43

6.4

0.1

45

7.0

0.2

47

6.3

1.6

49

12.8

1.3

51

5.4

0.1

53

4.2

0.1

120

0.2

0.2

0.1

0.2

0.2

0.3

0.3

Villasjön

VP-3

55

3.8

0.2

57

0.6

0.1

59

0.6

0.1

61

1.4

0.1

63

3.1

0.4

65

1.8

0.3

67

0.9

0.0

69

1.4

0.2

1

80.6

0.8

3

78.1

4.5

5

82.3

0.7

7

89.4

2.5

9

66.4

1.9

11

65.0

3.0

13

59.9

1.1

15

58.1

0.1

17

63.2

1.5

19

61.3

0.6

121

0.2

0.5

0.1

0.3

0.3

0.2

0.2

21

62.7

0.1

23

57.3

2.9

25

48.3

0.8

27

44.6

0.2

29

36.9

0.1

31

30.4

2.3

33

25.7

1.0

35

16.5

1.7

37

6.9

1.6

39

5.4

1.5

41

5.4

0.1

43

5.6

0.0

45

4.7

0.6

47

4.0

0.1

49

4.8

0.1

51

3.9

0.3

53

2.8

0.2

55

5.2

0.8

122

0.2

0.2

0.1

0.2

0.2

0.2

0.6

1.1

Villasjön

VP-4

57

7.4

0.7

59

3.3

0.3

61

5.5

0.4

63

4.3

0.2

65

3.3

0.0

67

3.8

0.5

69

7.4

1.9

71

5.9

0.8

73

7.8

0.1

75

8.3

0.1

77

7.1

0.0

79

6.8

0.9

1

84.6

0.5

3

78.9

5.7

5

90.9

1.9

7

64.4

3.3

9

61.3

3.4

11

65.2

0.6

123

1.1

0.4

0.5

0.2

0.3

0.3

0.2

13

67.8

1.7

15

60.5

1.2

17

52.2

0.1

19

37.3

0.7

21

32.5

0.8

23

32.9

0.6

25

32.0

0.5

27

25.1

3.4

29

34.0

0.8

31

14.9

0.6

33

14.6

3.1

35

8.4

0.1

37

10.1

0.3

39

9.0

0.2

41

6.3

0.4

43

6.4

0.0

45

5.7

0.1

47

11.5

0.1

124

0.2

0.2

0.1

0.1

0.4

0.5

0.3

Villasjön

VP-5

49

4.9

0.3

51

5.3

0.1

53

5.3

0.8

55

3.9

0.4

57

6.7

0.0

59

5.8

0.7

61

4.5

0.4

63

4.1

0.3

65

1.0

0.0

67

10.0

0.6

69

3.4

0.4

1

85.4

4.2

3

89.5

2.4

5

70.4

0.7

7

63.6

0.6

9

61.2

1.6

11

65.4

2.3

13

62.6

0.3

125

0.7

0.5

0.6

0.0

0.3

0.2

0.2

Villasjön

VP-6

15

63.2

0.2

17

60.2

0.6

19

71.3

0.3

21

76.4

2.2

23

91.6

5.0

25

59.4

1.0

27

45.9

1.1

29

43.2

0.7

31

13.0

0.5

33

10.5

1.0

35

5.4

0.0

37

7.2

1.1

39

6.4

0.2

41

10.9

1.3

43

6.5

0.5

1

76.0

1.2

3

75.7

1.0

5

77.6

3.4

126

0.2

0.2

0.3

0.2

0.6

0.9

0.2

0.3

7

76.6

3.6

9

64.4

4.2

11

65.0

4.3

13

70.1

3.6

15

71.5

3.9

17

75.9

3.8

19

67.8

5.9

21

48.6

0.8

23

38.4

0.9

25

31.6

1.7

27

29.7

0.5

29

25.5

3.3

31

23.5

0.8

33

14.6

0.7

35

21.8

0.2

37

18.8

1.5

39

25.6

8.4

41

15.7

4.5

127

0.2

0.2

0.2

0.2

0.2

0.2

0.1

Villasjön

VM-1

43

12.7

2.0

45

9.8

0.2

47

8.6

1.6

49

11.3

0.6

51

4.9

0.6

53

5.9

0.4

55

5.8

1.1

57

5.0

1.5

5

104.6

6.5

13

73.2

4.2

15

73.9

7.4

17

62.6

1.2

19

49.0

3.6

25

48.3

0.6

0.2

31

53.7

5.4

0.2

33

41.2

1.1

35

21.1

1.8

37

13.5

0.3

128

0.2

0.5

0.6

0.3

0.3

0.3

Villasjön

VM-2

39

14.2

1.2

41

11.6

3.2

43

9.3

1.1

45

8.4

0.9

1

78.0

1.5

3

86.8

0.3

5

78.5

3.4

7

77.3

2.9

9

79.7

1.1

11

84.7

3.9

13

82.1

3.8

15

73.9

0.3

17

57.5

1.5

19

59.4

1.2

21

54.2

3.9

23

47.5

1.2

25

45.6

10.7

27

46.0

3.2

129

0.3

0.2

0.2

0.4

0.2

0.2

0.3

Villasjön

VM-3

29

70.7

3.9

31

73.7

1.3

33

98.1

11.1

35

40.5

1.3

37

42.8

1.9

39

79.0

4.4

1

85.90

0.6

3

83.11

10.4

5

76.10

3.5

7

61.20

1.3

9

61.15

2.2

11

59.83

5.6

13

68.51

3.0

15

66.19

0.2

17

65.77

2.7

19

62.95

4.1

21

64.16

0.1

23

74.95

7.0

130

0.4

0.1

0.3

0.3

0.2

0.2

0.2

Villasjön

VM-4

25

69.07

3.5

27

104.46

11.9

29

59.92

0.7

31

38.57

0.8

33

27.46

3.4

35

55.90

1.6

37

21.66

5.8

39

9.99

0.1

41

8.14

1.4

0.3

1

75.22

0.4

0.3

3

74.89

1.9

5

81.72

2.6

7

75.98

6.1

9

64.28

1.4

11

62.08

0.5

13

61.44

4.4

15

57.08

1.3

17

59.96

1.6

131

0.2

0.1

0.3

0.3
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